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ABSTRACT 

Among the available wastewater remediation technologies, advanced oxidation pro-

cesses (AOPs) have received increasing research attention for degradation of toxic 

aqueous organic pollutants due to their high degradation efficiency, complete miner-

alization capability and eco-friendly nature. Compared with other AOPs such as 

Fenton reactions and catalytic ozonation, AOPs employing sulfate radicals for de-

composition of organic contaminants have been proven to be more cost-effective. 

Therefore, the purpose of this research focused on the development of various effi-

cient metal-based catalysts and the employment of these catalysts for degradation of 

aqueous organic pollutants by sulfate radicals based AOPs (SR-AOPs). In this re-

search, various types of metal-based catalysts such as 1D MnO2 in nanowires, nano-

tubes or nanorods, 3D hierarchically structured MnO2, magnetically separable 3D 

hierarchical structured MnO2/ZnFe2O4 hybrids, nano-Fe
0
 encapsulated in carbon 

spheres and magnetically separable Co3O4 loaded on core/shell structured 

Fe3O4/carbon sphere have been synthesized via different techniques such hydrother-

mal, sol-gel and impregnation methods. The as-synthesized catalysts have been 

characterized and tested for activation of peroxymonosulfate (PMS) to generate sul-

fate radicals for the degradation of aqueous phenol solutions. It was found that the 

catalytic activities of the as-synthesized materials depend on their surface areas, ex-

posed active facets and crystalline structures. Experimental results demonstrated that 

phenol degradation efficiency was influenced by phenol initial concentration, reac-

tion temperature, catalyst loading and oxidant loading, etc. Kinetic studies revealed 

that, for all the catalysts, catalytic oxidation of phenol could be described by a first 

order kinetic model. In addition, generation and evolution processes of free radicals 

were investigated by electron paramagnetic resonance (EPR) spectra. It was found 

that the generation and evolution processes of the free radicals depend on the types 

of the catalysts. While radical quenching tests unveiled that both the generated hy-

droxyl and sulfate radicals could be responsible for the oxidation of phenol.    
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Chapter 1: Introduction 

1.1 Current issues and remediation methods in water resources 

As one of the crucial resources for sustaining the human beings and other living 

creatures on the Earth, water, especially the fresh water, is highly demanded not only 

for maintaining the human and creatures’ lives, but also for industrial and agricultur-

al uses for the production of the daily necessities.  

Water resources seem to be abundant on the Earth, however, the fresh drinking water 

is scarce. Statistic data illustrated that, although our planet is covered by 71% of the 

water with the total volume of 1.4 billion cubic kilometers, more than 97.5% of the 

planet’s surface water is saline.(1) And among the remaining 2.5% of the freshwater, 

around 68% is stored in form of glaciers and ice caps in polar areas. Only less than 

0.3% of the freshwater exists in groundwater and surface water such as lakes, rivers 

and reservoirs which could be ready for human activities.(2) Therefore, proper use of 

the fresh water and the treatment of the wastewater are imperative for the sustainable 

development of human society.   

According to the United Nations World Water Development Report 2012 (WWDR4) 

published by the United Nations Educational, Scientific and Cultural Organization 

(UNESCO), the applications of fresh water could be classified into agricultural, in-

dustrial and domestic uses.(3) Agriculture plays the dominant role in consuming 

fresh water which accounts for more than 70% of the global fresh water usage. (4) 

Fresh water was mainly used for irrigation in agriculture to sustain the growth of the 

crops. The increasing population would stimulate the demand for irrigation water to 

satisfy the corresponding increase in food production requirements. Industrial use 

contributes to around 25% of the total fresh water usage. Fresh water is consumed a 

lot in industry to produce energy, chemicals, paper products, oils and metals, etc. In 

these industries, water is widely applied for the purposes such as cooling, washing, 
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solvent and transportation. Since industrial revolution, the water consumption in the 

industry has been increasingly enhanced. While the rest 5% of the fresh water used 

could be accounted for domestic usage for drinking, hygiene and food production. In 

the similar trend, urbanization and population explosion also result in the larger re-

quirement of the fresh water.  

Population explosion and rapid urbanization and rising industrialization not only in-

crease the consumption of the fresh water and pressure to the scarce fresh water re-

sources, but also result in discharging vast amount of pollutants into the water body. 

The discharged toxic pollutants from industrial, agricultural and domestic wastewater 

to the water body have attracted intensive public concerns in the recent years. 

Among these discharged pollutants, aqueous organic pollutants are the major com-

ponents.(5) Within these organic pollutants in the contaminated water, most of them 

are detrimental to both human beings and the nature environment with resistance to 

self-degradation.(6) For example, fertilizers and pesticides (including herbicides and 

insecticides) are widely used by farmers to ensure the anticipated production by the 

crops.(7) Most of these fertilizers and pesticides are in the organic forms and the 

runoff of these organic compounds to the surface water will not only impose harmful 

effects to the living creatures, but also break the ecological equilibrium. For the in-

dustries, the discharged organic pollutants mainly consist of the reaction byproducts, 

such as polychlorinated biphenyls (PCBs), polycyclic aromatic hydrocarbons (PAHs) 

and dibutylphthalate (DBP), and the concentrations of these organic pollutants varies 

in accordance with the different purposes of the industries.(8) Therefore, considering 

the fact that the global fresh water resources are limited for human beings to survive, 

it is urgent and crucial to preserve these fresh water resources and find ways to re-

mediate the contaminated water containing toxic organic pollutants.  

To regulate the organic pollutants discharged into the water body, many countries not 

only identified the types of the hazardous organic pollutants, but also issued some 

relevant regulations to limit the discharging concentrations of these toxic organic 
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pollutants. The U.S. Environmental Protection Agency (EPA) listed over 400 haz-

ardous organic compounds as the potential pollutants present in the 

waste/contaminated water. And in many countries, the maximum discharging thresh-

olds for phenol and its derivative compounds are less than 1 mg/L. For Australia, the 

maximum concentration of phenol and 4-methyl phenol is 0.5 mg/L and 0.01 mg/L, 

respectively.(9, 10) Nevertheless, despite of the strict regulations, the release of these 

toxic organic pollutants still results in some severe environmental and health prob-

lems.  

Phenol and its phenolic derivatives are major organic pollutants detected in the con-

taminated water discharged from industries such as pharmaceutical, petrochemical 

and chemical processes. The current phenol production rate is about 6 million ton/y 

with a significant increasing trend. Moreover, EPA’s data illustrated that the ranking 

of the phenol waste among all 400 hazardous organic pollutants was 21
st
 in the year 

of 2005.(11) The structure of phenol is shown in Fig. 1.1. Similar to other toxic or-

ganic compounds, phenol and its derivatives are toxic even at a low concentration. 

The exposure to phenol by inhalation, ingesting and skin/eye contacting may lead to 

severe problem. Phenol also affects the liver, lungs, kidneys, and vascular system. It 

was reported that the ingestion of 1 g phenol may lead to the fatal to the adults.(12) 

Therefore, it is imperative to develop effective techniques for treating and removal 

these phenolic organic pollutants from waste water. 

 

Figure. 1.1 Phenol chemical structure. 
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In order to remove the phenolics from contaminated water, several technologies have 

been developed such as thermal treatments, physico-chemical treatments and biolog-

ical processes. For thermal treatments, incineration is widely employed for treatment 

of the toxic organics. Although it is simple and less expensive, incineration will gen-

erate considerable amount of other hazardous compounds and therefor cause the 

secondary pollution.(13) Physico-chemical treatments mainly includes adsorption, 

reverse osmoses, precipitation and flocculation. Most of the physico-chemical treat-

ments are cost-effective, however, they cannot complete destroy the organic pollu-

tants and then post-treatments are required.(14) Biological processes stand for an 

eco-friendly strategy for removal of organic pollutants within contaminated water. 

Nevertheless, they are not applicable for treatment of non-biodegradable contami-

nated water. Furthermore, they usually require a long treatment time for mi-

cro-organisms to degrade the pollutants.(13)  

Recent years, advanced oxidation processes (AOPs) such as catalytic ozonation, 

Fenton reactions, wet air oxidation and photocatalytic oxidation have been gradually 

developed and attracted extensive attention as promising alternatives to conventional 

treatment technologies. By utilizing chemicals as the oxidants to generate reactive 

species, AOPs possess the capability of complete decomposition of the organic pol-

lutants and transfer them into mineral acids, carbon dioxide and water. Due to high 

efficiency, nonselective degradation and complete decomposition, AOPs are the most 

suitable technologies to decompose toxic organic pollutant such as phenol and its 

derivatives.  

1.2 Research objectives  

The major objective of the research is to synthesize and develop several types of 

metal-based nanocatalysts for oxidative degradation of aqueous organic pollutants in 

contaminated water. These novel nanomaterials will be employed as the heterogene-

ous catalysts for activating peroxymonosulfate (PMS) to produce reactive species for 
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oxidative degradation of phenol which is utilized as the model organic pollutant in 

contaminated water. To this end, the following studies were carried out. 

1. Synthesize magnetic or non-magnetic metal-based catalysts based on transition 

metals of either Co, Mn or Fe. 

2. Investigate the catalytic activity and the stability/recyclability of the catalysts in 

terms of phenol degradation. 

3. Study the reaction kinetics and the activation energy for each catalyst.  

4. Determine the influences of reaction parameters such as catalyst loading, reaction 

temperature, oxidant loading and initial concentration on degradation efficiency. 

5. Identify the reactive species generated during the catalytic degradation processes 

and probe the dominant reactive species responsible for degradation. 

1.3 Thesis organization 

This thesis includes eight chapters, including introduction, literature review, results 

and discussion (published papers), conclusion and suggestions for future research. 

Chapter 1 ― Introduction ― mainly describes the background and motivation of 

this study, including current issues in water resources, water pollution as well as the 

strategies for treatment of the contaminated water. This chapter also presents the re-

search objectives and the organization of the thesis.  

Chapter 2 ― Literature Review ― provides a comprehensive review of techniques, 

with particular attention on advanced oxidation processes (AOPs) for treatment of 

phenolics in previous studies. Moreover, various types of catalysts used for AOPs 

investigated by other researches are reviewed. 

Chapter 3 ― 3D-hierarchically structured MnO2 for catalytic oxidation of phenol 

solutions by activation of peroxymonosulfate: Structure dependence and mechanism. 

Applied Catalysis B: Environmental, 164 (2015) 159-167 ― presents the study of 
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MnO2 in 3D-hierarchically structure and its catalytic activity in phenol oxidation. 

The as-prepared catalysts demonstrated excellent catalytic activity for activating 

PMS to degrade phenol. Catalytic degradation of phenol was influenced by reaction 

temperature. The kinetic studies suggested that the heterogeneous catalytic reactions 

followed a first-order kinetics. The mechanism of catalytic reaction for PMS activa-

tion was investigated by electron paramagnetic resonance (EPR) spectra showing 

that both of •OH and SO4
−• are produced in the activation processes, and SO4

−• 

plays a more critical role in phenol oxidation. 

Chapter 4 ― New insights into heterogeneous generation and evolution processes of 

sulfate radicals for phenol degradation over one-dimensional α-MnO2 nanostruc-

Chemical Engineering Journal, 266 (2015) 12-20 ― presents the study of the several 

1D MnO2 catalysts and their catalytic activities for phenol degradation. It was found 

that 1D MnO2 nanowires showed the best catalytic efficiency. And it was revealed 

that in the evolution process of reactive species, generation of sulfate radicals was 

initiated by hydroxyl radicals produced at the initial stage and the sulfate radicals 

were the major reactive species responsible for the catalytic phenol oxidation. 

Chapter 5 ― Facile synthesis of hierarchically structured magnetic MnO2/ZnFe2O4 

hybrid materials and their performance in heterogeneous activation of peroxymono-

sulfate. ACS Applied Materials & Interfaces, 6 (2014) 19914-23 ― describes the 

synthesis of the 3D magnetically separable ZnFe2O4/MnO2 nanocomposites in dif-

ferent shapes and compared their catalytic activities in activating PMS for phenol 

decomposition. It was found that ZnFe2O4/MnO2 with microsphere/nanosheet hier-

archical structure possessed a higher BET surface area and thus a better catalytic ac-

tivity than urchin-like catalysts. A first-order kinetic model was used to evaluate the 

kinetic parameters, and the activation energies for microsphere/ nanosheet hierar-

chical structure and urchin-like structure were calculated to be 41.7 and 49.4 kJ/mol, 

respectively. Catalyst stability tests suggested that deactivation of the catalysts oc-

curred because of the blockage of active sites by the reaction intermediates. 

http://www.sciencedirect.com/science/journal/13858947
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Chapter 6 ― A new magnetic nano zero-valent iron encapsulated in carbon spheres 

for oxidative degradation of phenol. Applied Catalysis B: Environmental, 172-173 

(2015) 73-81 ― describes the synthesis of Fe/Fe3C@CS nanocomposites via a modi-

fied hydrothermal method followed by self-reduction under nitrogen atmosphere. 

The novel ZVI-based nanocomposites showed a superior catalytic activity in activa-

tion of PMS for phenol degradation. The kinetic studies suggested that, in the heter-

ogeneous systems, catalytic oxidation of phenol followed first order kinetics and the 

apparent activation energy was 16.3 kJ/mol. Moreover, Fe3C catalysis for PMS ac-

tivation was observed for the first time. The catalyst deactivation mechanism was 

also investigated and it was found that Fe3C has a better catalytic stability than Fe
0

 in 

catalytic reaction. Magnetic separation capability was also remained even after five 

runs.  

Chapter 7 ― Magnetic Fe3O4/carbon sphere/cobalt composites for catalytic oxida-

tion of phenol solutions with sulfate radicals. Chemical Engineering Journal, 245 

(2014), 1-9 ― presents the study of the core/shell structured magnetic carbon sphere 

loaded with cobalt oxides and the evaluation of the catalytic activity for PMS activa-

tion for phenol degradation. It was revealed that catalytic degradation of phenol was 

influenced by initial phenol concentration, catalyst loading and reaction temperature.  

Chapter 8 ― Conclusions and perspectives ― this chapter summarizes research re-

sults and put up with some suggestions for further research in this area.  

 

 

 

 

 

http://www.sciencedirect.com/science/journal/13858947
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Chapter 2: Literature Review 

2.1 Introduction 

Due to the decrease of the amount and the deterioration of the quality along with and 

the increasing demands for water resources throughout the world, water resource 

preservation and wastewater treatment have received worldwide attention. Industri-

alization and urbanization have resulted in discharging a large amount of wastewater 

containing various types of pollutants into the water body and have caused severe 

pollution in the past few decades. Among these pollutants, aqueous toxic and haz-

ardous organic pollutants including organic dyes, endocrine disrupting chemicals 

(EDCs), aromatic compounds, agrochemicals and sulfur- and nitrogen-containing 

compounds have brought harmful effects to both human beings and aquatic crea-

tures.(1) Among these discharged organic pollutants, phenol and its derivatives have 

received increasing attention in the past few years due to their strong toxicity and 

recalcitrance to natural degradation. Since phenol shows strong toxicity even at a low 

concentration (2), countries around the world have set the maximum threshold al-

lowed for phenol discharge, for instance 0.5 mg/L for Australia wastewaters.(3) 

Therefore, the development of efficient, convenient and cost-effective wastewater 

treatment technologies are highly required. 

Conventional wastewater treatment methods employing filtration, adsorption, physi-

co-chemical processes (flocculation, ozonation and chlorination) and biodegradation 

have demonstrated their effectiveness for treatment of majority of anthropogenic 

pollutants.(4) However, no single method mentioned above achieves efficient degra-

dation for removal of refractory toxic chemicals such as phenols, dyes, pesticides, 

organic solvents and domestic chemicals.(4) Despite the fact that biodegradation is 

very effective for treatment of municipal and domestic wastewater, it is not feasible 

to treat industrial wastewater containing toxic pollutants due to the biomass poison-
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ing.(5) Wet air oxidation process is widely utilized for treating wastewater having 

chemical oxygen demand (COD) greater than 20 g/L, however due to its incomplete 

degradation and generation of high concentration of toxic byproducts, further treat-

ments are still required. (6, 7) Moreover, physico-chemical wastewater treatment 

technologies such as flocculation, adsorption and reverse osmosis also require post 

treatment to prevent secondary pollution.(8)  

In the recent years, advanced oxidation processes (AOPs), for example Fenton reac-

tion, photocatalysis, catalytic ozonation and various other chemical oxidation, have 

attracted intensive research interests for decomposing the organic contaminants due 

to their high efficacy of complete degradation to inorganic compounds such as H2O 

and CO2.(9) Among these AOPs, previous investigations have demonstrated that 

Fenton/Fenton-like reactions utilizing hydroxyl radicals (OH
·
) could decompose or-

ganic contaminants efficiently.(10, 11) And homogeneous Fe
2+

/H2O2 system has been 

proven to be the most effective for degradation of aqueous organic pollutants.(10, 12, 

13) However, these processes suffer from shortcomings like metal leaching, pH ad-

justment, production of large quantity of sludge and cost-intensive operation. (14) 

Compared to Fenton reaction, the emerging catalytic ozonation process utilizing var-

ious reactive species such as 
·
OH, 

1
O2 and 

·
O2

¯ 
for aqueous organic pollutants degra-

dation becomes an efficient alternative.(15, 16) Although traditional ozonation pro-

cess possessed an excellent ability for removal of aqueous organic pollutants, the 

oxidation reaction is selective and cannot fully mineralize organic contaminants into 

inorganic forms.(15) By introducing catalysts, controlled decomposition of ozone 

could be achieved and the generated active free radicals would be responsible for ef-

ficient mineralization of the persistent organic contaminants.(16) Additionally, the 

pH requirements for oxidation reactions could be adjusted in accordance with the 

properties of catalysts. (17, 18) 

As another promising alternative to Fenton reactions, sulfate radical based AOPs 
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(SR-AOPs) have attracted intensive attention.(19-21) Sulfate radicals (SO4
-·
), which 

can be generated by activation of either persulfate (PS) or peroxymonosulfate (Ox-

one, PMS), have a higher redox potential than hydroxyl radicals (E0=3.1V vs. 

E0=2.7V) and are more desirable for persistent organic pollutants (POPs) degrada-

tion.(22) In addition to the high activity, the initiators of sulfate radicals are less ex-

pensive and more environmentally benign. (23) More importantly, the sulfate radi-

cals can be generated in both heterogeneous and homogeneous catalysis, metal 

leaching problem leading to secondary pollution can be thus minimized. In the past 

few years, studies have been carried out in relation to the activation of sulfate radi-

cals by UV radiation(24), heat(25) and metal catalysts(26). Various types of homo-

geneous and heterogeneous catalysts have been developed for the generation of sul-

fate radicals. Studies have suggested that cobalt based materials demonstrated the 

best catalytic efficiency for activating PMS to produce sulfate radicals.(27, 28) Nev-

ertheless, employing cobalt based catalysts would inevitably result in leaching or loss 

of cobalt ions into the reaction solution and thus leading to the secondary pollution 

caused by the toxicity of cobalt ions.(29, 30) 

Compared with cobalt ion/oxide, manganese oxides are less toxic and more envi-

ronmentally benign. In our previous studies, manganese oxides at different chemical 

states showed a good catalytic ability for PMS activation to produce sulfate radi-

cals.(31)  Though metal leaching problem can be minimized when nanosized man-

ganese oxides are employed for heterogeneous catalysis, if no proper recovery, the 

nanosized particles would still bring in secondary contaminants to the environment.    

Utilization of magnetic separation technology for recovering catalysts has attracted 

considerate attention. Compared with traditional separation technologies such as 

centrifugation and filtration, magnetic separation provides a much easier and 

cost-effective process by simply applying an external magnetic field.(32, 33) Re-

cently, magnetite (Fe3O4) nanoparticles have been frequently used as the magnetic 

core in various fields, owing to their outstanding magnetic and electrochemical 
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properties. (34-37). However, their prone to aggregation characteristics resulted from 

high surface area to volume ratio, strong dipole–dipole attraction between particles, 

and limited functional groups for selective binding hinder their further applica-

tions.(33) To overcome such drawbacks, barrier materials such as SiO2 or carbon 

nanotubes (CNT) have been investigated to prevent self-aggregation and to isolate 

from attached functional components.(32, 38) More recently, carbon coated magnet-

ite nanospheres (Fe3O4/C) have been employed because of their low cytotoxicity and 

highly modifiable surface (39, 40). We recently synthesized such magnetic carbon 

nanospheres and used them as support for cobalt based catalyst.(41) It was found that 

the as-synthesized cobalt based magnetic carbon nanospheres showed excellent cat-

alytic performance for activation of PMS for phenol degradation.  

More recently, nanocarbon materials including graphene, graphene oxide/reduced 

graphene oxide and carbon nanotubes (CNTs) have been utilized as promising alter-

natives for the metal-based catalysts to completely avoid metal ion leaching problem. 

Due to their large theoretical surface area, unique electronic property, outstanding 

thermal conductivity and sp
2
 hybridized carbon configuration, various studies have 

revealed that these nanocarbon materials have promising catalytic activity for energy 

and environmental applications.(42, 43) Fullerene, graphene oxide, graphene nano-

plates, single-walled carbon nanotubes (SWCNTs) and multi-walled carbon nano-

tubes (MWCNTs) have been demonstrated to be catalytic active for PMS activa-

tion.(29, 30, 44-46) 

In consideration of the current freshwater situation, the well-being of the current 

generation and the development of the future generations, it is highly imperative to 

select proper wastewater treatment to degrade aqueous organics cost-effectively, 

completely, and eco-friendly. Moreover, in order to improve the degradation effi-

ciency and to prevent further contamination, facile synthesis of novel catalysts with 

high catalytic activity, excellent recyclability and low toxicity of catalysts is in high 

demand.   
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2.2 Adsorption 

Adsorption process is a simple and effective operation to remove various types of 

pollutants from the environment and has attracted research attention for a long time. 

Compared with other environmental remediation technologies, adsorption does not 

result in the production of any reaction residues and thus can prevent the harmful and 

toxic substance brought by the secondary pollution.(47) For adsorbents employed in 

the adsorption process, the surface area, pore volume, surface charge and surface 

functionalities are the critical factors influencing their adsorption capability. 

Adsorption process is normally resulted from the electrostatic or non-electrostatic 

interactions between the adsorbent surface and the adsorbate.(48) Electrostatic inter-

actions occur when adsorbate is an electrolyte which can be dissociated in aqueous 

solution. And the electrostatic interaction could be attractive or repulsive depending 

on the adsorbent’s charge density, adsorbate’s chemical characteristics and the ionic 

strength of the solution. While the non-electrostatic interactions are always attractive 

and are determined by the van der Waals force, hydrogen bonds and hydrophobic in-

teractions. (48) 

In the past few decades, different types of the porous materials have been developed 

and their adsorption capabilities have been investigated. Porous materials such as 

activated carbon (49), clay minerals (50, 51), zeolites (52), biomaterials (53), indus-

trial solid wastes (54) and some novel carbonaceous-based materials such as gra-

phene, graphene oxide and carbon nanotubes (55, 56) have been widely applied for 

adsorptive removal of heavy metals, dye products and organic pollutants from 

wastewater and demonstrated high removal efficiency. Due to the superior adsorption 

capacity and thermal/structural stability, carbonaceous-based materials have arouse 

significant research interests among these porous materials.   
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Activated carbon (AC) has been widely utilized as the adsorbent for adsorption of 

both organic and inorganic waste compounds from water. Production of activated 

carbon is simple since it can be generated from various low-cost materials such as 

cereals, nut shell, municipal wastes and fruit waste. (49) According to the statistic 

data, more than 80% of the world production of AC is used as an adsorbent in the 

liquid phase applications.(57) The adsorption capacity of AC for organic compounds 

is dominated by its pore size distribution, surface functionality and contents of min-

eral matters. (48) 

As one of the new members of the carbon materials, carbon nanotubes (CNTs) have 

received considerable attention in the adsorption-related applications due to their 

unique structure and physico-chemical properties.(56) Compared with activated car-

bon, CNTs have a far more well-defined and uniform structure at nanoscale, which 

are completely different from AC. Moreover, CNTs not only possess large specific 

surface area, but also chemically stable with robust surface for physical adsorp-

tion.(58) Due to these superior features, extensive studies have been conducted for 

the adsorption of heavy metal ions (59, 60), radionuclides (61, 62), small molecules 

(63, 64) and organic chemicals (65, 66) on various CNTs such as single-walled CNTs, 

multi-walled CNTs, close- or open ended CNTs. For ACs, the adsorption capacity is 

quantified by the parameters such as pore size distribution and adsorption energy 

distribution, however, for CNTs, the adsorption capacity is mainly related with 

well-defined adsorption sites. (56) Depending on the pollutants adsorbed, there are 

four possible adsorption sites existing on CNTs (67, 68): (i) interstitial channels be-

tween individual nanotubes in the bundles; (ii) the hollow interior of individual 

nanotubes; (iii) the grooves on the edge of the nanotube bundle and the exterior sur-

face of the outermost nanotubes; and (iv) the curved surface of individual nanotubes 

on the outside of the nanotube bundles.  

Apart from activated carbon and CNTs, graphene-based materials including graphene 

nanosheets (GN) and graphene oxide (GO) have attracted significant research inter-
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ests due to their large theoretical specific surface area and the surface functional 

groups.(44, 55, 69) In the recent years, several investigations have been performed 

by utilizing graphene-based materials as adsorbents for removal of pollutants from 

air and aqueous solution.(70-73) Dyes are stable and non-biodegradable organic pol-

lutants discharged from textile, dyeing, tannery and paper industries. Several GO, 

GN and their composites have been developed and employed for dye 

adsorption.(74-77) Dyes usually exist in aqueous solution in forms of ions. And the 

major interaction between graphene-based materials and dyes is dominated by cati-

onic-anionic force.(55) Studies revealed that GO possesses excellent adsorption ca-

pacity for cationic dyes such as methylene blue and crystal violet, but low affinity for 

anionic dyes such as methyl orange and orange II.(71, 77) While GN and its compo-

sites demonstrate high adsorption capacity for both cationic and anionic dyes due to 

the π-π stacking.(78) Apart from adsorption of various types of dyes, graphene-based 

nanomaterials have been utilized for some persistent aromatic pollutants which are 

not only harmful to aquatic life, but also toxic to human beings. Researches have 

been carried out for the adsorption of phenolic compound, pesticides, drugs and hu-

mic acids on GO and GN.(70, 79-81) And studies revealed that hydrophobic effect, 

π-π bonds, hydrogen bonds and covalent and electrostatic interactions may determine 

the adsorption capacity of organic pollutants on the surface of the nanosized carbon 

materials.(82) While among these interactions, the π-π interaction between the car-

bon surface and the organic pollutants plays a crucial role in the adsorption capacity.  

To conclude, removal of organic pollutants by adsorption is a facile, eco-friendly and 

cost-effective technology among the various available treatment technologies. By 

employment of materials with large surface area or high surface functionalities, pol-

lutants can be effectively attached on the adsorbent surface and thus leading to no 

secondary pollution. However, in the adsorption process, organic pollutants within 

the wastewater are just adsorbed rather than destroyed, and further treatment is still 

required for the degradation of the contaminants as well as collection and separation 

of these adsorbents. Therefore, other treatment technologies are still required to ef-



17 
 

fectively mineralize the aqueous organic pollutants.  

2.3 Wet air oxidation process 

Chemical oxygen demand (COD) is one of the features of water quality to measure 

amount of organic compounds in water. Higher COD value indicates a larger amount 

of organics in the water. If COD of the waste water is too high, incineration might be 

feasible for the treatment; if COD is relatively low, wastewater treatment technolo-

gies such as chemical oxidations and biological treatment will be feasible to employ. 

However, when the COD of the wastewater situates in a medium range, neither in-

cineration or chemical oxidation could be applied. Therefore, it is imperative to in-

vestigate technologies for the treatment of this kind of water. Being as one of the 

most attractive and successful wastewater treatment technologies, wet air oxidation 

process (WAO) is suitable for processing wastewater streams in which the COD val-

ue is low to incinerate and too high for chemical/biological treatment.(83) And the 

preferred COD for WAO is between the range of 20,000 and 200,000 mg/L. (84) 

WAO is most employed in the aqueous phase to oxidize the soluble or suspended or-

ganic/inorganic wastes with high temperature (398-573K) and pressure (0.5-20MPa) 

under the presence of the oxygen-containing gas (usually air).(85) In the WAO pro-

cess, oxidation potential is improved by enhancing the solubility of the molecular 

oxygen under the condition of high temperature and pressure. Furthermore, the ele-

vated temperature favors the increase of reaction rates and the production of free 

radicals.  

It has been proven that WAO could be utilized for the treatment of variety of 

wastewater including sludge waste, petroleum refining waste, textile waste, petro-

chemical waste and majority of the organic compounds existed in wastewater could 

be destroyed.(7) Process flow diagram of WAO used in industries is shown in Fig. 

2.1.(86) In this process, the organic pollutants can be oxidized to carbon dioxide, 
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water and some low molecular weight organic compounds such as carboxylic acids, 

alcohols and acetaldehydes. And 75-90% of COD removal could be reached for 

WAO process.(83) The degree of the oxidation usually depends on the feed composi-

tion, retention time and process conditions.(85) WAO normally cannot result in the 

complete mineralization of the organic/inorganic contaminants, however, these con-

taminants have been transferred into the forms with significantly reduction in toxicity 

and chemical oxygen demand. (85) Moreover, WAO usually leads to the formation of 

off-gas and liquid effluents which require further treatment. (83) 

 

Figure 2.1. Process flow diagram of WAO used in industries. (86) 

In order to investigate the mechanisms of WAO, several studies have been carried out 

using carboxylic acids and phenol as target pollutants.(87, 88) Taking the degradation 

mechanism of carboxylic acid as the example, it was found that during the oxidation 

of the aqueous organic pollutants, hydroperoxides and oxy-radicals were generated 

within the free radical chain reactions. And two major steps were included in the free 

radical chain reactions. Firstly, hydrogen atoms were abstracted from α, β and γ-CH2 

groups within the carboxylic acids by the dissolved oxygen and leading to the for-

mation of free radicals. Simultaneously, these generated free radicals reacted imme-

diately with O2 to form peroxy radicals. Secondly, these peroxy radicals can abstract 



19 
 

H atoms from other carboxylic groups and therefore resulting in the decarboxylation 

of these groups and formation of CO2. Within the generation of free radicals, the 

processes of radicals initiation, propagation and termination occur, which are shown 

in the following equations.(6) 

𝐼𝑛𝑖𝑡𝑖𝑎𝑡𝑖𝑜𝑛 𝑟𝑒𝑎𝑐𝑡𝑖𝑜𝑛:            𝑅 − 𝐻 + 𝑂2  →  𝑅
∙ + 𝐻𝑂2

∙       (2.1) 

𝑃𝑟𝑜𝑝𝑎𝑔𝑎𝑡𝑖𝑜𝑛 𝑟𝑒𝑎𝑐𝑡𝑖𝑜𝑛:      𝑅∙ + 𝑂2  →  𝑅𝑂𝑂
∙        (2.2) 

       𝑅 − 𝐻 + 𝑅𝑂𝑂∙  →  𝑅𝑂𝑂𝐻∙ + 𝑅∙       (2.3) 

𝑇𝑒𝑟𝑚𝑖𝑛𝑎𝑡𝑖𝑜𝑛 𝑟𝑒𝑎𝑐𝑡𝑖𝑜𝑛:      2𝑅𝑂𝑂∙ → 𝑅𝑂𝑂𝑅∙ + 𝑂2      (2.4) 

Wet air oxidation process is widely employed in industries due to its minimal air 

pollution discharges since most of the contaminants remain in the aqueous phase. 

However, the major disadvantages of WAO lie in the partial decomposition of the 

contaminants and high capital costs. Since the process is carried out under high tem-

perature and pressure, the materials used for constructing equipment need to be 

strengthened to withstand severe operation conditions and thus increase the construc-

tion cost. Moreover, during the operation, large amount of power is required for 

compressed air production and high pressure liquid pumping. It was reported that 

WAO process becomes economical when concentration of the organic/inorganic 

pollutants to be oxidized situated between the ranges of 1-20 wt%. Within this con-

centration range, the amount of aqueous pollutant is sufficient to react with oxygen 

to produce enough heat to keep the desired operating conditions in the reaction 

without external energy source.(89) Due to these disadvantages, WAO is normally 

used as a pretreatment technology of wastewater, which requires additional treat-

ments. 

2.4 Catalytic wet air oxidation process 
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In order to overcome the disadvantages of WAO, catalytic wet air oxidation process 

(CWAO) was developed. Compared with the conventional WAO, CWAO could not 

only achieve a higher oxidation rate and a better mineralization of the organic pollu-

tants, but also reduce the capital cost and energy requirements. With the aid of cata-

lysts, aqueous organic contaminants can be fully mineralized into innocuous inor-

ganic compounds such as water and carbon dioxide. “Zero discharge” can be 

achieved in the CWAO process. The refractory acetic acid and ammonia which can-

not be completely destroyed at WAO could be totally mineralized within the help of 

catalysts, moreover, leading to no detectable level of NOx or SOx in the discharged 

effluent gas.(86) Furthermore, CWAO process is allowed to control the degradation 

rate of the organic pollutants. In accordance with the type and amount of the organic 

compounds dissolved in the wastewater, the process can be designed either to reduce 

the organic compounds’ concentration to form biodegradable intermediates or com-

pletely mineralized them. In addition, with the presence of catalysts, free radical 

chain reactions can occur at a much lower temperature and pressure condition. 

Moreover, the retention time for the liquid phase within the oxidation reactor can be 

significantly reduced. The less severe reaction condition and the reduced volume of 

reactor not only avoids the stress corrosion cracking of the construction materials, 

but also significantly reduces both the capital and operating costs.(90) 

In the past few decades, various heterogeneous catalysts such as metal oxides and 

supported metal oxides have been employed for CWAO process for the treatment of 

aqueous organic pollutants. And the following table presents the some of the reported 

heterogeneous catalysts. 
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Table 2.1. Some of the reported heterogeneous catalysts for CWAO. 

Catalyst Pollutants Ref. 

Cu/Al Phenol, p-cresol (91, 92) 

Cu Phenol (91) 

Cu-Zn Phenol (93) 

Mn/Al Phenol (91) 

Mn-Zn-Cr Industrial wastes (94) 

Co Alcohols, amines (95) 

Co-Bi Acetic acid (96) 

 

Co-Ce Ammonia (97) 

Ru/CeO2 Alcohols, phenol (98) 

In CWAO, heterogeneous catalysts can be classified into two streams: noble metals 

and metal oxides. (99) And in the most cases, in order to improve their reactivity and 

stability, a noble metal is loaded onto another metal oxide or supporting materials. In 

terms of catalytic activity, it was found that, although Cu, Zn, Co, Mn and Bi oxide 

mixtures demonstrated excellent catalytic activity, metal ion leaching problem aris-

ing from the dissolution of the catalysts was observed. (94, 96-98) While studies re-

vealed that utilization of precious metal oxides depositing on a stable support as the 

heterogeneous catalysts can minimize the leaching of the active ingredient. (100, 101) 

In addition, compared with transition metal oxide catalysts, noble metal catalysts 

such as Ru, Pt, Rh and Ir demonstrated higher degradation efficiency of acetic acid. 

(102, 103) 

Following equations show the mechanism of the CWAO with the presence of heter-

ogeneous catalysts.(104) And the redox potential of the metal ion couple 

(Me
n+

/Me
(n-1)+

) determines catalytic performance of the catalysts. (105) 
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𝑅𝑂𝑂𝐻 +𝑀𝑒(𝑛−1)+  →  𝑅𝑂∙ + 𝑀𝑒𝑛+ + 𝑂𝐻−       (2.5) 

𝑅𝑂𝑂𝐻 +𝑀𝑒𝑛+  →  𝑅𝑂2
∙ + 𝑀𝑒(𝑛−1)+ + 𝐻+       (2.6) 

Apart from insoluble heterogeneous catalysts, homogeneous catalysts employing 

transition metal ions have been developed as the alternative to further improve the 

reaction rate and degradation efficiency. Homogeneous Cu
2+

 system has been 

demonstrated to be the most effective for organic decomposition. (86) However, fur-

ther treatments such as separation and purification are required for the homogeneous 

catalytic systems. Fig. 2.2 describes the simplified triangular reaction scheme for 

CWAO using heterogeneous/homogeneous catalysts. 

 

Figure 2.2. Simplified triangular reaction scheme for CWAO using heterogeneous/ 

homogeneous catalysts. 

To conclude, catalytic wet air oxidation process is a promising wastewater treatment 

technology which oxidizes the organic pollutants into more biodegradable forms or 

completely destroy them. Moreover, compared with conventional wet air oxidation 

process, CWAO is much more cost-effective by utilizing less energy and requiring 

less capital and operating costs. Metal oxide catalysts or transition metal ions have 

been proven to be catalytically active as heterogeneous or homogeneous catalysts, 

respectively. For theses catalysts, leaching may result in the loss of the active sites 

and bring about problem for further treatments. In order to reduce leaching, metal 

oxides are incorporated into the lattice of the support materials such as Al, Si and 
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some noble metals. However, poisoning and blockage of the active sites by reaction 

intermediates, loss of surface area of the supporting material and coking on catalyst 

surface can result in the loss of catalytic activity. Therefore, for further studies, re-

search attention should be focused on the investigation of more stable and durable 

catalysts with equal or higher catalytic activity. 

2.5 Advanced oxidation processes (AOPs) for pollutants at low con-

centrations 

One of the important technologies for wastewater treatment is the AOP method 

which has the potential to completely mineralize the harmful aqueous organic pollu-

tants at low levels. In AOPs, reactions follow a specific oxidation pathway for gener-

ation of free radicals such as hydroxyl or sulfate radicals which not only obtain high 

redox potentials but also are non-selective to the contaminants. Owing to the com-

plete degradation capability of the AOPs, the final products of the toxic contaminants 

are carbon dioxide, water and other inorganic residues such as sulfate and chloride 

ions depending on the chemical composition of the precursors. However, since the 

final concentrations of these residues are low, their existence can be considered en-

vironmentally acceptable. Typical AOPs include Fenton/Fenton-like reactions, pho-

tocatalysis, ozonation/catalytic ozonation and sulfate radicals induced oxidation re-

actions. 

2.5.1 Classical Fenton reaction 

Conventionally, classical Fenton reaction was the oxidation of organic substrates by 

homogeneous reaction of iron (II) and hydrogen peroxide (H2O2). This kind of reac-

tion was firstly discovered by H.J.H Fenton more than 100 years ago by observing 

the oxidation of tartaric acid by hydrogen peroxide with the addition of Fe
2+

. Alt-

hough Fenton reaction was discovered for more than a century, not until in late 1960s, 



24 
 

it has been widely utilized as an effective oxidation technique for treatment of toxic 

organic pollutants such as phenolic compounds(106, 107), aromatic amines(108), 

dyes(10, 13, 109), and pesticides(110, 111).  

In Fenton reactions, hydrogen peroxide decomposes into hydroxyl radicals and hy-

droxide ions under the catalytic effect of Fe
2+

 within the aqueous acidic medium. The 

oxidation of Fe
2+

 will generate Fe
3+

 which may further catalyze H2O2 to produce 

more hydroxyl radicals. The produced hydroxyl radicals are not only a non-selective 

oxidants, but also of a high oxidation potential of 2.7 V and will take the responsibil-

ity of oxidizing toxic organic pollutants into nontoxic inorganic forms. The following 

equations illustrate the detailed reaction mechanism of Fenton reaction. And Scheme 

2.1 presents the chain mechanisms of Fe
2+

 regeneration. (112) 

𝐹𝑒2+  +  𝐻2𝑂2  →  𝐹𝑒
3+ + 𝐻𝑂∙  + 𝐻𝑂−          (2.7) 

𝐹𝑒2+  +  𝐻𝑂∙  →  𝐹𝑒3+ + 𝐻𝑂−           (2.8) 

𝐻𝑂∙  +  𝐻2𝑂2  →  𝐻𝑂2
∙  +  𝐻2𝑂           (2.9) 

𝐻𝑂2
∙  +  𝐹𝑒2+  →  𝐹𝑒3+  +  𝐻𝑂2

−           (2.10) 

𝐻𝑂2
∙  +  𝐹𝑒3+  →  𝐹𝑒2+  +  𝑂2 +𝐻

+          (2.11) 

 

Scheme 2.1. Chain mechanisms of Fe
2+

 regeneration (112). 
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It has been revealed that Fenton reactions are influenced by hydrogen peroxide con-

centration, pH value, reaction time and the ratio of Fe
2+

 to H2O2. Furthermore, the 

initial concentration of target pollutant as well as the reaction temperature will affect 

the oxidation efficiency of Fenton reaction.(10)   

Although Fenton reactions have the advantages such as cost-effective, simple reactor 

requirement, and high efficiency of organic pollutants mineralization(4), they still 

suffer from several drawbacks such as low pH requirement, metal leaching problem, 

production of sludge and difficulties in transportation and storage of hydrogen per-

oxide.(113) These disadvantages place the bottleneck for the further application of 

Fenton reaction. In order to circumvent these drawbacks mainly resulting from the 

homogenous reaction, heterogeneous Fenton systems have been investigated. In a 

heterogeneous Fenton reaction system, iron species (mostly Fe
3+

) are usually an-

chored on the supporting materials to confine leaching under acidic reaction condi-

tions.(12, 17, 114-119). Heterogeneous iron-based catalysts using mesoporous mate-

rials (12), activated carbons (117), graphene (118), MWCNT (119), natural and syn-

thetic zeolites, clays and silica (116, 120), nafion films (114) and aluminates (121) as 

the host matrix have been developed for Fenton reactions. Furthermore, some 

iron-based materials, such as magnetite, ferrhydrite, maghemite, hematite, ze-

ro-valent iron and lepidocrocite have been proven to be catalytically active for Fen-

ton reactions. (122)  

Apart from iron and iron oxides based catalyst, some non-ferrous metal catalysts 

have been also investigated for heterogeneous Fenton reactions. It has been revealed 

that elements with multiple redox states such as copper (123, 124), manganese (125), 

chromium (126), cerium (127) and cobalt (128) can effectively convert hydrogen 

peroxide into hydroxyl radicals through the conventional Fenton reaction pathways.  

2.5.2 Modified Fenton/ Fenton-like Reactions 
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Though heterogeneous Fenton reaction can minimize the metal leaching and reduce 

the dependence on pH, the reaction rate between the heterogeneous catalyst and hy-

drogen peroxides is at least 3-orders of magnitude slower than the classical homoge-

neous Fenton reaction. (4) Therefore, various modifications have been developed to 

enhance the efficiency through the synergistic effect.  

(A) Photo-Fenton Reactions 

As one of the photochemical processes, photo-Fenton has been demonstrated to be a 

highly effective process for decomposition of various pollutants under ultraviolet 

(UV) or solar light irradiations.(129-132) The pioneer study by Zepp and his 

co-workers revealed that [Fe(OH)]
2+

 ion, which is the pre-eminent form of Fe(III), is 

the key factor contributing to the photo-Fenton reaction.(130) Moreover, under the 

irradiation of UV or solar light, the hydrogen peroxide itself could generate hydroxyl 

radicals.(129) Therefore, overall hydroxyl radical production is enhanced by im-

proving the decomposition of H2O2. Additionally, the iron sludge waste produced by 

photo-Fenton reaction was drastically reduced. The following equations describe the 

reactions involved during the photo-Fenton reaction. (4) 

𝐹𝑒(𝑂𝐻)2+  + ℎ𝑣 →  𝐹𝑒2+  +  𝐻𝑂∙  +  𝐻+         (2.12) 

𝐻2𝑂2  + ℎ𝑣 →  2𝐻𝑂
∙             (2.13) 

Additionally, the presence of colored substances such as organic dyes could also 

immensely improve the production rate of the hydroxyl radicals and thus enhance the 

catalytic oxidation efficiency.(133, 134) Under visible light irradiation, iron(III) will 

be reduced to iron(II) due to the intermolecular electron transfer from the excited dye 

states. And the reduced iron(II) will trigger the hydrogen peroxide to generate hy-

droxyl radicals for degradation.(4) Below equations describe the photo-Fenton reac-

tions with participation of dyes. Fig. 2.3 schematically shows the mechanism.  
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𝑑𝑦𝑒 + 𝑣𝑖𝑠𝑖𝑏𝑙𝑒𝑙𝑖𝑔ℎ𝑡 →  𝑑𝑦𝑒∗            (2.14) 

𝑑𝑦𝑒∗ + 𝐹𝑒3+  →  𝐹𝑒2+ +  𝑑𝑦𝑒 ∙+           (2.15) 

 

Figure 2.3 Mechanism of photo-Fenton process (134). 

(B) Sono-Fenton reactions 

The synergistic effect of ultrasound and Fenton reaction has also been investigated. 

In sono-Fenton reactions, the sound waves with a high frequency (20 kHz-1 MHz) 

could decompose water and dissolved oxygen molecules into highly reactive hy-

droxyl radicals by creating transient or stable acoustic cavitation in the reaction solu-

tion. (135) Moreover, hydrogen peroxide could be generated in situ during the reac-

tion. The generation process of reactive radicals during the sono-Fenton reaction is 

shown as below. 

𝐻2𝑂 + )))  →  𝐻
∙  +  𝐻𝑂∙             (2.16) 

𝑂2 + 𝐻2𝑂 + )))  →  2𝐻𝑂
∙            (2.17) 

2𝐻∙   + 𝑂2  →  𝐻2𝑂2              (2.18) 

Where ))) stands for the ultrasonic irradiation. Researches have revealed that com-

pared with classical Fenton reactions, the catalytic degradation efficiency of 

sono-Fenton reaction is dramatically improved by using water and oxygen as the ad-

ditional precursors for generation of hydroxyl radicals.(136-138) 
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Apart from integrating light irradiations to the Fenton reaction, studies have also 

been conducted to investigate the synergistic effect of Fenton reaction with other 

sources such as electro-Fenton reactions (139, 140), sono-photo-Fenton reactions 

(135) and sono-electro-Fenton reactions(141).  

To conclude, these Fenton-like reactions can produce less sludge waste, withstand a 

wider pH range and be more effective. These advantages of Fenton-like reactions 

circumvent the drawbacks of the classical Fenton reactions and make them versatile 

for feasible applications. 

2.5.3 Photocatalytic oxidation 

Over the past four decades, photocatalytic process has demonstrated great potentials 

for wastewater treatment beacuse it is cost-effective, eco-friendly and will discharge 

“zero” waste. By employing heterogeneous catalysts such as TiO2, ZnO and CdS, 

and ultraviolet or visible light irradiation, the in situ produced reactive radicals with-

in the photocatalytic oxidation process could effectively degrade the toxic organics in 

wastewater into less toxic substances, and deactivate microorganism.(142, 143) 

Mineralization efficiency of the persistent organic pollutants in photocatalytic oxida-

tion process is controlled by the irradiation source, oxidizing agent and the activity of 

semiconductor photocatalyst. Among these factors, a semiconductor photocatalyst 

plays the dominant role to influence the degradation efficiency.  

In photocatalytic process, photons from the irradiation source are absorbed by the 

surface of the photocatalyst. When the photons with the energy greater than the band 

gap energy of the photocatalyst, the electrons in the valence band could be excited to 

conduction band (CB) and leave a positive hole (hv
+
) in VB. The produced positive 

holes could either oxidize water to generate hydroxyl radicals or directly oxidize the 

toxic pollutants. The electrons in the conduction band take the responsibility of re-

ducing the oxygen adsorbed on the photocatalyst. For photons with the energy lower 
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than the band gap energy of the photocatalyst, the absorption of these photons will 

only lead to the energy dissipation in the forms of the heat.(144) Fig. 2.4 shows the 

schematic diagram of photocatalytic redox reaction. (144) The mechanism of the 

chain oxidative-reductive reactions occurring at the photoactivate surface of TiO2 

catalyst was illustrated as follows. (145) 

 

Figure 2.4.  Schematic diagram of photocatalytic process (144). 

𝑃ℎ𝑜𝑡𝑜𝑒𝑥𝑐𝑖𝑎𝑡𝑖𝑜𝑛 ∶  𝑇𝑖𝑂2  + ℎ𝑣 →  𝑒
−  + ℎ+        (2.19) 

𝐶ℎ𝑎𝑟𝑔𝑒 − 𝑐𝑎𝑟𝑟𝑖𝑒𝑟 𝑡𝑟𝑎𝑝𝑝𝑖𝑛𝑔 𝑜𝑓 𝑒− ∶  𝑒𝐶𝐵
− → 𝑒𝑇𝑅

−        (2.20) 

𝐶ℎ𝑎𝑟𝑔𝑒 − 𝑐𝑎𝑟𝑟𝑖𝑒𝑟 𝑡𝑟𝑎𝑝𝑝𝑖𝑛𝑔 𝑜𝑓 ℎ+ ∶  ℎ𝑉𝐵
+ → ℎ𝑇𝑅

+        (2.21) 

𝐸𝑙𝑒𝑐𝑡𝑟𝑜𝑛 − ℎ𝑜𝑙𝑒 𝑟𝑒𝑐𝑜𝑚𝑏𝑖𝑛𝑎𝑡𝑖𝑜𝑛 ∶  𝑒𝑇𝑅
−  +   ℎ𝑇𝑅

+  (ℎ𝑉𝐵
+ ) →  𝑒𝐶𝐵

−  + ℎ𝑒𝑎𝑡  (2.22) 

𝑃ℎ𝑜𝑡𝑜𝑒𝑥𝑐𝑖𝑡𝑒𝑑 𝑒− 𝑠𝑐𝑎𝑣𝑒𝑛𝑔𝑖𝑛𝑔 ∶  (𝑂2)𝑎𝑑𝑠   +  𝑒
−  →  𝑂2

∙−     (2.23) 

𝑃𝑟𝑜𝑡𝑜𝑛𝑎𝑡𝑖𝑜𝑛 𝑜𝑓  𝑂2
∙− ∶  𝑂2

∙−   +  𝐻𝑂∙−   →  𝐻𝑂𝑂∙       (2.24) 

𝐶𝑜 − 𝑠𝑐𝑎𝑣𝑒𝑛𝑔𝑖𝑛𝑔 𝑜𝑓 𝑒− ∶  𝐻𝑂𝑂∙   + 𝑒−  →  𝐻𝑂2
−       (2.25) 

𝐹𝑜𝑟𝑚𝑎𝑡𝑖𝑜𝑛 𝑜𝑓 𝐻2𝑂2 ∶  𝐻𝑂2
−   +  𝐻+  →  𝐻2𝑂2        (2.26) 
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𝑃ℎ𝑜𝑡𝑜𝑑𝑒𝑔𝑟𝑎𝑑𝑎𝑡𝑖𝑜𝑛 𝑏𝑦  𝐻𝑂∙ ∶  𝐻𝑂∙  +  𝑜𝑟𝑔𝑎𝑛𝑖𝑐 𝑝𝑜𝑙𝑙𝑢𝑡𝑎𝑛𝑡𝑠 → 𝑖𝑛𝑡𝑒𝑟𝑚𝑒𝑑𝑖𝑎𝑡𝑒𝑠 →

                                                         𝐹𝑖𝑛𝑎𝑙 𝑝𝑟𝑜𝑑𝑢𝑐𝑡𝑠 (𝐶𝑂2 + 𝐻2𝑂)    (2.27) 

𝑃ℎ𝑜𝑡𝑜𝑑𝑒𝑔𝑟𝑎𝑑𝑎𝑡𝑖𝑜𝑛 𝑏𝑦  𝑝ℎ𝑜𝑡𝑜ℎ𝑜𝑙𝑒𝑠 ∶  ℎ+  +  𝑜𝑟𝑔𝑎𝑛𝑖𝑐 𝑝𝑜𝑙𝑙𝑢𝑡𝑎𝑛𝑡𝑠 →

                               𝑖𝑛𝑡𝑒𝑟𝑚𝑒𝑑𝑖𝑎𝑡𝑒𝑠 → 𝐹𝑖𝑛𝑎𝑙 𝑝𝑟𝑜𝑑𝑢𝑐𝑡𝑠 (𝐶𝑂2 + 𝐻2𝑂)   (2.28) 

Where 𝑒𝐶𝐵
−  and 𝑒𝑇𝑅

−  stands for the electrons in the conduction band and the valence 

band electrons which are trapped at the catalyst surface, respectively. ℎ𝑉𝐵
+  and ℎ𝑇𝑅

+  

present the photo holes in valence band and surface trapped conduction band holes, 

respectively. Noted that in this chain oxidative-reductive reaction process, without 

the presence of electron scavengers, the photoexcited electron will instantly recom-

bine with the valence band hole and dissipate in the form of heat and lose their reac-

tivity.(144) Therefore, the participation of electron scavengers will significantly re-

duce the electron-hole recombination process and thus enhance the efficiency of 

photocatalysis. Researches have revealed that the presence of dissolved oxygen also 

has the capability of impeding the recombination of electron-hole pairs by production 

of a superoxide radical. (146, 147) Moreover, as shown in Eqs. 2.22-2.24, the pro-

duced superoxide radical will further react with a hydroxyl radical to be protonated 

to hydroperoxyl radical (𝐻𝑂𝑂∙) which is also reported to have strong electron scav-

enging ability.(148-150)  

Dissolved oxygen and water molecules play significant roles for improving the deg-

radation efficiency of photocatalysis by prolonging the electron-hole pair recombina-

tion process. And the photocatalytic activity is equally important for efficacy of toxic 

organic pollutants decomposition. With the observation of the above oxida-

tive-reductive reactions occurring during the photocatalytic reactions, it was found 

that the catalytic activity of the photocatalysts depends on the following aspects: (1) 

trapping ability of the photons; (2) band gap energy; (3) generation of electron-hole 

pairs; and (4) ability of separation of electron-hole pairs with recombination.  
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Metal-based semiconductor materials such as metal oxides (151-153), metal sulfides 

(154-156) and noble metals(157) have been widely employed as the photocatalysts 

for degradation a variety of persistent organic pollutants (POPs) in aqueous solutions. 

Among these photocatalysts, extensive studies have been carried out on TiO2 or TiO2 

based materials due to their low cost, excellent ability for photon absorption, desira-

ble physical and chemical properties and structural flexibility to form a composite 

with other materials.(158-160) Rutile and anatase forms of TiO2 have been widely 

investigated as photocatalysts and Degussa P-25 containing anatase and rutile phases 

in the ratio of 3:1 has been proven to obtain the highest catalytic activity among the 

TiO2 materials. (161)  

Recently, metal-free materials such as graphitic carbon nitride and graphene have 

been developed as promising alternatives to toxic or precious metals and their oxides. 

Studies have revealed that these metal-free photocatalysts demonstrate excellent 

degradation efficiency for decomposition of aqueous organic pollutants within con-

taminated water.(162-165) Because of its unique structure and outstanding electron 

transfer ability, graphene, carbon nanotube and reduced graphene oxide demonstrat-

ed exceptional photocatalytic activity in degradation of rhodamine B under visible 

light.(163) Carbon quantum dots (CQDs) is an effective photocatalyst under 

near-infrared-light (NIR) and showed selective oxidation capability of oxidizing 

benzyl alcohol to benzaldehyde. (164) Due to the stable structure and low cost, car-

bon nitride has arouse numerous research attention as a fascinating metal-free pho-

tocatalyst for treatment of toxic aqueous organic pollutants.(162) Nonporous and 

mesoporous graphitic carbon nitride were synthesized by Cui et al. from ther-

mal-induced polymerization method. (166) It was found that only graphitic carbon 

nitride with mesoporous structure could effectively degradation phenol or 

4-chlorophenol. At current stage, the photocatalytic activity of carbon nitride was 

limited due to its high excitation energy and the low charge mobility. However, by 

doping or integrating other semiconductor materials, its activity can be significantly 

improved.(167, 168)   



32 
 

It was reported that irradiation sources, and the activity of a catalyst, the categories 

of the pollutants, and the pH of the medium solution would work together affecting 

the photocatalytic degradation efficiency. Researches show that pH of the solution 

can significantly influence both the surface charge and ionization or speciation (pKa) 

of the organic pollutants. Therefore, solution pH plays a key role to affect adsorption 

and photocatalytic degradation of the pollutants. (169, 170) The following table 

summarizes the optimum pH values for photocatalytic degradation of phenol and its 

derivatives.  

Table 2.2. Optimum pH values for photocatalytic degradation phenol and its deriva-

tives. (144) 

Pollutant Light source Photocatalyst Optimum pH Ref. 

4-Nitrophenol Solar ZnO 6.0 (171) 

Phenol Solar ZnO 5.0-7.0 (172) 

4-Chlorophenol UV TiO2 5.0 (173) 

2-Phenyl phenol UV ZnO 12.0 (174) 

2-Chlorophenol UV Co-TiO2 9.0 (175) 

4-Flurophenol UV ZnO/TiO2 7.0 (176) 

Phenol UV TiO2 5.0 (177) 

m-Nitrophenol UV TiO2 8.9 (178) 

4-Chlorophenol UV N-TiO2 3.0 (150) 

2.5.4 Ozonation/catalytic ozonation 

Ozone has been widely utilized for wastewater treatment in order to improve the 

odor, taste, color and to remove the organic compounds. As a powerful oxidizing 

agent with a redox potential of 2.08 V, ozone has demonstrated efficient oxidation 

and disinfection.(179) In addition, ozone also demonstrates its efficiency in inacti-

vating microorganisms including viruses, bacteria and some forms of algae. And the 

inactivation ability of ozone to various microorganisms follows increasing order of 

cysts, viruses and bacteria.(180) In practice, ozone has been applied for treatment of 

effluent from various industries such as textile dye production, shale oil processing, 

pesticides and pharmaceutical production, municipal wastewater treatment and pulp 
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and paper production. (181-185) 

Studies have demonstrated that there are two routes existing in the ozonation process, 

the direct molecular ozone reaction and indirect reaction involving decomposition of 

ozone molecules and generation of more powerful hydroxyl radicals for the oxida-

tion.(15, 16) The following equations present the chain reactions of the ozone de-

composition process. (15) 

𝑂3 + 𝐻2𝑂 → 2𝐻𝑂
∙ + 𝑂2            (2.29) 

𝑂3 + 𝐻𝑂
−  → 𝑂2

∙− + 𝐻𝑂2
∙             (2.30) 

𝑂3 + 𝐻𝑂
∙  → 𝑂2 + 𝐻𝑂2

∙  ↔  𝑂2
∙− + 𝐻+         (2.31) 

𝑂3 + 𝐻𝑂2
∙  ↔ 𝑂2 + 𝐻𝑂

∙             (2.32) 

2𝐻𝑂2
∙  →  𝑂2 + 𝐻2𝑂2                 (2.33) 

The decomposition of ozone in the indirect reaction follows the pseudo first-order 

kinetic law which is shown as follows.(186) 

−(
𝑑[𝑂3]

𝑑𝑡
)𝑝𝐻 = 𝑘

′[𝑂3]             (2.34) 

Where 𝑘′ is the pseudo first-order reaction constant for a given pH value. From this 

pseudo first order kinetic law, it is observed that the solution pH value plays a crucial 

role to influence the decomposition of ozone by affecting the generation of hydroxyl 

radicals. Relevant studies suggest that ozone decomposition could be enhanced if the 

solution pH is basic.(15, 16) When pH < 3, decomposition of ozone will not be ef-

fective for formation of hydroxyl radicals and thus direct molecular ozone reaction 

occurs. For 7 < pH < 10, the typical half-life time ozone is from 15 to 25 min. Within 

this pH range, combination of direct and indirect reaction happens. When solution 

pH is greater than 10, most of the molecular ozone will decompose and indirect reac-
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tion will dominate the degradation process.  

Although ozone is effective for degradation of multiple bonds such as C=C and C=N 

within the organic pollutants, the formed aldehydes and carboxylic acids cannot be 

further oxidized by ozone to achieve total mineralization. Moreover, ozone reacts 

rather slowly and selectively with some organic compounds such as inactivated aro-

matics. Additionally, the relatively low solubility and stability of ozone in water to-

gether with its high cost limit its wider application in wastewater treatment.  

2.5.4.1 Catalytic ozonation process 

As mentioned above, in ozonation process the degradation efficiency was signifi-

cantly influenced by solution pH value and complete mineralization of the organic 

pollutants cannot be achieved. Recently, catalytic ozonation process has been proven 

to be an efficient strategy for removal of aqueous organic pollutants.(15, 16, 187) 

With a catalysts, controlled decomposition of ozone was achieved and the generated 

hydroxyl radicals are not only more powerful than molecular ozone, but also 

non-selective for degradation. In addition, in some recent studies, the synergistic ef-

fects of ozone together with UV or hydrogen peroxide have been investigated and the 

degradation efficiency was found to be enhanced. Generally, catalytic ozonation 

process can be classified into homogeneous catalytic ozonation and heterogeneous 

catalytic ozonation in accordance with the form of catalysts.  

2.5.4.2 Homogeneous catalytic ozonation 

Transition metal ions such as Mn(II), Fe(II), Fe(III), Co(II), Cu(II), Cd(II), Cr(III) 

and Zn(II) have demonstrated a high catalytic activity for homogeneous catalytic 

ozonation.(188-190) Table 2.3 lists several homogeneous catalysts employed for cat-

alytic ozonation process and their corresponding organic pollutants studied. 
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Table 2.3. Homogeneous catalysts employed for catalytic ozonation process and 

their corresponding organic pollutants studied. 

Catalyst Organic compound Ref. 

Mn(II) Carboxylic acid (oxalic, pyruvic, sulfosali-

cylic, propionic), dichlorophenol, dinitro-

toluene  

(188, 

189, 

191, 

192) Mn(II), Fe(II), Fe(III), Cr 

(III) 

Humic substances (188) 

Mn(II), Fe (III), Fe(II) Chlorobenzenes (189) 

Mn(II), Fe(II) Simazine (193) 

Co(II), Cu(II) Oxalic acid, pyruvic acid (194, 

195) Ce(III) Phenol (196) 

Ni(II), V(V), Mn(VI) Dinitrobenzene (197) 

Mn(IV) Propionic acid (195) 

Mn(II), Fe(II), Zn(II), 

Co(II), Ni(II) 

Azo dyes (190) 

Although the detailed reaction mechanism of homogeneous catalytic ozonation is 

still unclear, the major steps involved in the homogeneous catalytic ozonation have 

been proposed. In the first place, ozone is decomposed by metal ions and thus leads 

to the formation of free radicals such as hydroxyl radicals and superoxide radicals. 

Then complexes will be formed between the metal ion catalyst and the organic pol-

lutant molecules. In the final step, the generated free radicals attack the metal-organic 

complexes, and the organic pollutants will be subsequently oxidized to form innocu-

ous carbon dioxide and water while the metal ion catalyst will be released from the 

complexes. (198, 199) Studies have revealed that the concentration of the metal ions 

as well as the pH of the solution would influence both the reaction mechanism and 

the degradation efficiency.(194, 200) 

However, despite of its high efficiency in decomposition and mineralization, utilizing 

transition ions as homogeneous catalysts will result in many problems. These transi-

tion metals especially Co and Ce are high toxic for both human beings and the envi-
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ronment. Cobalt has been recognized as a priority heavy metal pollutants which can 

cause several health problems such as pneumonia, asthma and other lung-related 

problems.(201) If these transition metal ions cannot be well recovered, the secondary 

pollutant will be caused. Therefore, in order to minimize the influence brought by 

transition metal ions, development of heterogeneous catalysts is in highly demand. 

2.5.4.3 Heterogeneous catalytic ozonation 

Compared with the transition metal ions as the catalysts for homogeneous catalytic 

ozonation, the catalysts used in the heterogeneous catalysis are in the solid phase. 

Metal oxides, supported metal oxides on minerals and metal-free materials have been 

employed as the heterogeneous catalysts. And Table 2.4 summarizes the variable 

heterogeneous catalysts and the studied organic pollutants.  

Table 2.4. Heterogeneous catalysts and the studied organic pollutants. 

Catalyst Organic compound Ref. 

MnO2 Carboxylic acid, phenol (200, 

202-204) 

Al2O3 Carboxylic acid (205) 

TiO2 Oxalic acid, naproxen (206, 207) 

FeOOH p-Chlorobenzoic acid (208) 

CeO2 Aniline, dyes (204) 

Co3O4/Al2O3 Pyruvic acid (209) 

CuO/Al2O3 Oxalic acid (195) 

NiO/Al2O3 Oxalic acid (210) 

MnOx/Al2O3 Phenazone, ibuprofen, phenytoin, di-

phenhydramine 

(211) 

Co/CeO, Mn/CeO Phenolic wastewater (212) 

Activated carbon Oxalic acid (17) 

Metal oxide catalysts are most widely employed for heterogeneous catalytic ozona-

tion process due to their low-cost, availability and high catalytic activity.(16) Among 
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these metal oxide catalysts, MnO2 has been reported to be the most efficient metal 

catalyst in decomposition.(213) And it is known that in aqueous solution, the de-

composition of the ozone increase with the increase of the solution pH. In some re-

searches, it was reported that the catalytic activity of MnO2 increased with the de-

crease of pH, which could be ascribed to the combination effect of homogeneous and 

heterogeneous catalytic ozonation.(214) And the homogenous reaction occurs at low 

pH range will inevitably bring in metal leaching problem which is still a shortcoming 

that needed to be solved. In order to reduce the metal leaching problem, some matrix 

are designed to load these active metal oxides. In a recent work, supported cobalt 

oxide catalyst on alumina was synthesized and employed as the heterogeneous cata-

lyst for catalytic ozonation of pyruvic acid at acidic pH.(209) Fig. 2.5 illustrates the 

mechanism of catalytic ozonation in presence of metal on supports. It was found that 

despite the fact that excellent catalytic efficiency was observed for catalytic degrada-

tion of pyruvic acid, some cobalt ions were still detected in the reaction solution. And 

metal leaching problem is inevitable for metal-based catalysts under acidic pH con-

ditions. In order to avoid this problem, recently, some metal-free catalysts such as 

activated carbon and carbon nanotubes were utilized for catalytic ozonation.(17, 215) 

It was found that for these metal-free catalysts, the basic centers take the responsibil-

ity for decomposition of the ozone to produce active free radicals.  
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Figure 2.5. Mechanism of catalytic ozonation in the presence of metal on supports. 

(AH- organic acid; P, R - adsorbed primary and final by-products; P’, R’- primary 

and final by-products in solution) (187) 

Catalytic oxidation on these heterogeneous catalysts mainly arises from the catalytic 

decomposition of ozone and the enhanced formation of hydroxyl radicals. Literatures 

reveal that the catalytic activity is mainly affected by temperature and pH of the so-

lution.(15, 16) The solubility and stability of ozone in water are influenced by solu-

tion temperature. The pH of the solution also has significant influence on the stability 

of ozone in water. It was found that the decomposition constant of ozone increases 

when solution pH value is increased. Additionally, pH of the reaction solution also 

has immense influence on the surface properties and the surface active sites of the 

catalysts. Kasprzyk et al., found that pH value has direct effect on the surface charge 

which would influence the adsorption capacity of the organic molecules on the cata-

lyst’s surface.(15)  

Similar as homogeneous catalytic ozonation, the detailed reaction mechanisms for 

heterogeneous reaction still remain controversial and unclear. However, studies have 

agreed on the active sites for the decomposition of ozone. For metal oxides, ozone 

decomposition occurs on the Lewis center and/or the non-dissociated hydroxyl 

groups attached on the surface of metal oxides. (216, 217) For metal oxide loaded on 

the solid support, ozone decomposition takes place on oxidized/reduced form of the 

deposited metal. (194) For metal-free catalysts, as mentioned above, ozone decom-

poses on the basic centers of the catalysts. (17)  

To sum up, for catalytic ozonation process, with the contribution of homogeneous/ 

heterogeneous catalysts, the degradation efficiency of aqueous organic pollutants is 

significantly increased and therefore leading to the higher mineralization of these or-

ganic pollutants. In addition, the usage of ozone could be reduced compared with 

ozonation alone. However, for metal-based catalysts, leaching and fouling of the cat-
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alysts surface might lead to the loss or deactivation of the active sites. While for met-

al-free catalysts, the stability for successive use still needs to improve. Therefore, 

more investigations have to perform to increase stability and durability of the cata-

lysts.    

2.5.5 Sulfate radical-based advanced oxidation processes 

As mentioned above, in advanced oxidation process, Fenton/Fenton-like reactions 

and catalytic ozonation processes utilizing hydroxyl radicals demonstrate excellent 

degradation efficiency for removal of organic pollutants in contaminated water. 

However, the generation of the free radicals in these two processes usually requires 

acidic pH condition and thus leading to leaching problem to the metal-based homo-

geneous or heterogeneous catalysts. In the past decade, advanced oxidation processes 

employing sulfate radical have attracted worldwide attention. Sulfate radicals not 

only have a higher standard redox potential than hydroxyl radicals (3.1V vs. 2.7V), 

but also can be easily generated under neutral pH by the homogeneous or heteroge-

neous activation. (69, 113, 218) In addition, sulfate radicals are more selective for the 

oxidation reactions including electron-transfer process than hydroxyl radicals which 

can participate in various reactions with equal tendency.(219) Moreover, compared 

with other free radicals, sulfate radicals are more applicable for solutions containing 

carbonate or phosphate buffers. (220) Therefore, AOPs utilizing sulfate radicals 

demonstrate a higher efficiency than hydroxyl radicals in terms of both decomposi-

tion and mineralization of aqueous organic pollutants.  

Sulfate radicals can be generated either from persulfate (PS) or peroxymonosulfate 

(PMS), which is the symmetrically substituted or mono-substituted derivative of hy-

drogen peroxide by sulfo moiety.(221) Persulfate ion (S2O8
2-

) can be chemically or 

thermally activated by catalysts or external energy sources to produce sulfate radi-

cals.(220) Moreover, due to its high stability in the subsurface, high aqueous solubil-

ity and excellent degradation efficiency at a relative low cost, AOPs utilizing persul-
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fate oxidation have become one of the promising alternative for remediation of con-

taminated water. PMS is known for its commercial name of Oxone with the compo-

sition of 2KHSO5•KHSO4•K2SO4•KHSO5. In aqueous solution, the effective com-

ponent within Oxone is the peroxymonosulfate ions which might directly result in 

the generation of sulfate radicals for organic compounds decomposition. Compared 

with the length of oxygen-oxygen bond inside the hydrogen peroxide (1.497 Å), the 

length of oxygen-oxygen bond within peroxymonosulfate ion is shorter (1.460 Å). 

Moreover, there is a hydrogen atom and SO3 group on the left and right side of this 

oxygen-oxygen bond, respectively and thus favoring the formation of sulfate group 

during the activation process.(222) For both PS and PMS, although their active spe-

cies S2O8
2-

 and HSO5
-
 have strong redox potentials (2.01V and 1.82V), direct reac-

tion using PS or PMS alone for decomposition of pollutants are slow. However, by 

chemical or thermal activation, the produced sulfate radicals could rapidly and effi-

ciently degrade various organic pollutants. 

2.5.5.1 Energy induced sulfate radical oxidation 

For PMS and PS, sulfate radicals can be generated by the external power source such 

as heat, ultraviolet irradiation and ultrasound. And Fig. 2.6 describes the sulfate rad-

ical formation process from PMS (1) and PS (2) under external energy source, re-

spectively.   

 

Figure 2.6. Formation of sulfate radicals under external energy source for PMS (1) 

and PS (2). (221)  
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Thermal activation of PMS and PS is widely used due to its low cost and simplicity 

to operate. When PS is employed as the oxidant, the activation energy required for 

thermally cracking the oxygen-oxygen bond of persulfate ion was reported to be 8.1 

kJ/mol. (164) From this consideration, the operating temperature has to be elevated 

to a high level to ensure the energy is higher than the activation energy of the O-O 

bond breaking. Liang et al. employed direct PS oxidation of trichloroethylene (TCE) 

and 1,1,1-trichloroehtane (TCA) within the aqueous solution. (223) It was found 

when reaction temperature was 20 
o
C, degradation efficiency for both TCE and TCA 

was insignificant. However, when temperature was increased to the range of 40-60 

o
C, excellent degradation efficiency of TCE and TCA was observed due to the ther-

mal cracking of PS to produce active sulfate radicals.  

Apart from thermal activation, PMS and PS can be effectively activated under the 

light irradiation. In most cases, instead of visible light, UV or simulated solar light 

was utilized due to the higher energy which could successfully scissor the peroxo 

bond and oxygen-oxygen bond to produce active free radicals. (224-226) And due to 

the better absorbance of UV light, PS has been widely investigated as sulfate radicals 

precursor in the photochemical oxidation system. (227-229) Dionysiou et al. investi-

gated the photo-oxidation efficiencies of PS, PMS and hydrogen peroxide under UV 

light for the degradation of 2,4-dichlorophenol (2,4-DCP). (220) It was found that the 

mineralization of the organic carbon of 2,4-DCP follows the order of UV/PS> 

UV/PMS> UV/H2O2.  

In semiconductor mediated photocatalysis systems, PMS and PS can also act as the 

electron scavengers to increase the recombination time of electrons and holes and 

thus enhancing the quantum efficiency through scavenging electrons in conduction 

bands. Moreover, the generated highly active sulfate radicals can also participate in 

the degradation of the contaminants.(230, 231) Therefore, compared with normal 

photocatalysis, the participation of PMS or PS could enhance the decomposition ef-

ficiency of the contaminants by serval folds.  
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2.5.5.2 Homogeneous sulfate radical oxidation 

Although the energy induced sulfate radical-based oxidation processes demonstrate 

their superior efficiency for removal of aqueous organic contaminants, the require-

ment of large amount of energy results in complexity and high costs of these pro-

cesses. Utilizing of homogeneous or heterogeneous catalysts can circumvent the re-

quirement of energy and thus decreasing the complexity and the cost of the process. 

Like Fenton reaction, transition metal ions are the mostly used homogeneous cata-

lysts for activating PMS or PS to generate active free radicals. Dionysiou et al. stud-

ied the homogeneous activation of PMS for 2,4-dichlorophenol degradation by uti-

lizing Co
2+

, Ni
2+

, Fe
2+

, Fe
3+

, Mn
2+

, Ru
3+

, Ag
+
 and Ce

3+
 as catalysts. (219) According 

to their investigation, Co
2+

 showed the highest catalytic activity for homogeneous 

activation of peroxymonosulfate to generate free radicals. It was also found that, 

when reacting with PMS, Mn
2+

, Ce
3+

 and Ni
2+

 could form caged or bounded metal 

sulfate radicals, while metal ions such as Co
2+

, Ru
3+

 and Fe
2+

 can produce freely dif-

fusible sulfate radicals. Reaction mechanisms for homogeneous catalytic activation 

of PMS can be proposed as shown below. (221) 

𝐻𝑆𝑂5
− + 𝑀𝑛+  →  𝑀(𝑛+1)+ + 𝑆𝑂4

∙− + 𝑂𝐻−        (2.35) 

𝐻𝑆𝑂5
− + 𝑀𝑛+  →  𝑀(𝑛+1)+ + 𝑆𝑂4

2− + 𝑂𝐻∙        (2.36) 

𝐻𝑆𝑂5
− +𝑀(𝑛+1)+ → 𝑀𝑛+ + 𝑆𝑂5

∙− + 𝐻+         (2.37) 

𝑆𝑂4
∙− +  𝑜𝑟𝑔𝑎𝑛𝑖𝑐𝑠 →  𝑖𝑛𝑡𝑒𝑟𝑚𝑒𝑑𝑖𝑎𝑡𝑒𝑠 → 𝐶𝑂2 + 𝐻2𝑂 + 𝑆𝑂4

2−    (2.38) 

And the generation routes of sulfate radicals by employing homogeneous activation 

of persulfate are shown below. (221) 

𝑆2𝑂8
2− + 𝑀𝑛+  →  𝑀(𝑛+1)+ + 𝑆𝑂4

∙− + 𝑆𝑂4
2−        (2.39) 
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𝑆𝑂4
∙− + 𝑀𝑛+  →  𝑀(𝑛+1)+ + 𝑆𝑂4

2−          (2.40) 

𝑆2𝑂8
2− + 2𝑀𝑛+ →  2𝑀(𝑛+1)+ +  2𝑆𝑂4

2−         (2.41) 

𝑆𝑂4
∙− +  𝑜𝑟𝑔𝑎𝑛𝑖𝑐𝑠 →  𝑖𝑛𝑡𝑒𝑟𝑚𝑒𝑑𝑖𝑎𝑡𝑒𝑠 → 𝐶𝑂2 + 𝐻2𝑂 + 𝑆𝑂4

2−    (2.42) 

However, the employment of transition metal ions as homogeneous catalysts can re-

sult in metal leaching and increased cost for further treatment. In addition, as men-

tioned before, heavy metal ions such as cobalt ion is toxic and can lead to various 

lung-related health problem to human beings.   

2.5.5.3 Heterogeneous sulfate radical oxidation 

In order to minimize the metal leaching problem and the corresponding secondary 

pollution, heterogeneous catalysts have attracted intensive attention for activation of 

PMS or PS to produce sulfate radicals due to their high stability and durability, 

cost-effectiveness and recoverability. Recent years, fruitful researches have been 

performed on heterogeneous Co/PMS system for organic contaminants degradation 

in waste water treatment. Various cobalt-based materials such as Co oxides (232), 

supported Co (27, 233-236), Co-exchanged zeolites (237) and CoFe2O4 (238) have 

been synthesized and employed as heterogeneous catalysts for activation of PMS. 

The PMS activation mechanisms for cobalt based materials are shown as below. (41) 

𝑆 − 𝐶𝑜2+ + 𝐻𝑆𝑂5
−  →  𝑆 − 𝐶𝑜3+ + 𝑆𝑂4

−∙ + 𝑂𝐻−        (𝑆 − 𝑠𝑜𝑙𝑖𝑑)   (2.43) 

𝑆 − 𝐶𝑜3+ + 𝐻𝑆𝑂5
−  →  𝑆 − 𝐶𝑜2 + 𝑆𝑂5

−∙ + 𝐻+             (𝑆 − 𝑠𝑜𝑙𝑖𝑑)   (2.44) 

𝑆𝑂4
−∙ + 𝐻2𝑂 →  𝑆𝑂4

2− + 𝑂𝐻∙ + 𝐻+          (2.45) 

𝑆𝑂4
−∙ + 𝐶6𝐻5𝑂𝐻 → 𝑠𝑒𝑟𝑣𝑒𝑟𝑎𝑙 𝑠𝑡𝑒𝑝𝑠 →  𝐶𝑂2 + 𝐻2𝑂 + 𝑆𝑂4

2−    (2.46) 

Nevertheless, neither homogeneous Co
2+

/PMS nor heterogeneous catalysis utilizing 

supported cobalt oxides can completely avoid the leaching or loss of toxic cobalt ions, 
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thus resulting in secondary metal pollution (26, 29) Therefore, searching for low 

toxic heterogeneous solid catalyst for efficient activating PMS is in highly demand. 

Manganese oxides are abundant in soils and have various forms such as MnO, MnO2, 

Mn2O3 and Mn3O4. Manganese ions have a low toxicity to the environment com-

pared with cobalt ions. Based on these features, manganese oxides have been report-

ed as promising alternatives to Co systems for PMS activation to produce reactive 

species. (105, 239, 240) In the recent researches, manganese oxides with various 

shapes, dimensions(113, 218) and oxidation states (28, 31, 105, 240) have been syn-

thesized and applied for activation of PMS for aqueous phenolic pollutant degrada-

tion. The following figure shows the mechanism for PMS activation for phenol deg-

radation on 1D MnO2 nanowires.  

 

Figure 2.7. Mechanism for PMS activation for phenol degradation on 1D MnO2 

nanowires.(113) 

It was found that, when PMS was activated, both hydroxyl radicals and sulfate radi-

cals were generated for decomposition of organic contaminants. Moreover, when 

phenol was utilized as the target pollutant, its para- and meta- positions are more 

vulnerable to be attacked. (113, 218)  

Apart from manganese catalysts, novel metal-free catalysts such as reduced graphene 

oxide (rGO) and carbon nanotubes (CNT) have been discovered to be catalytic active 

for activation of PMS or PS for degradation of aqueous organic pollutants. (29, 44, 
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69) And the sp
2
 hybrid carbon, the surface functional groups as well as the defects 

are considered to be the active sites for PMS/PS activation. 

To conclude, sulfate radicals which could be generated from PMS or PS by external 

energy sources or catalysis have been proven to be effective for degradation of vari-

ous organic pollutants. Compared with Fenton reactions and catalytic ozonation pro-

cess, utilizing sulfate radicals for decomposition of contaminants demonstrates a 

higher efficiency due to the higher redox potential of the sulfate radicals. Moreover, 

the employment of catalytic sulfate radical process is less complicated and 

cost-intensive due to the neutral pH requirement and less dependent on external 

power sources. Therefore, utilizing sulfate radicals for destruction of aqueous organic 

pollutants has become a promising remediation technology in terms of AOPs.    

2.5.6 Other advanced oxidation processes 

Apart from Fenton reactions, catalytic ozonation, photocatalysis and sulfate radicals 

oxidation, there are some other AOPs having demonstrated their efficiencies for deg-

radation of aqueous organic pollutants. Electro-chemical treatment is the process uti-

lizing direct or indirect anodic reaction to generate hydroxyl radicals and/or hydro-

gen peroxide from water molecules for the oxidation of aqueous organic pollu-

tants.(241) For non-thermal plasma process, collision of charged particles and excita-

tion-ionization of neutral molecules are initiated by the electric discharge in 

water.(242) And the generated non-thermal plasma containing reactive electrons and 

radicals is responsible for the destruction of organic pollutants in water. Another 

process is γ-ray and electron beam irradiation. In this process, water is radiolysis by 

ionizing radiation such as radioactive γ-source (
60

Co) and particle accelerators to 

produce active radical species for decomposition of aqueous contaminants. (243)  
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2.6 Development of heterogeneous catalysts for peroxymonosulfate 

activation 

Utilizing sulfate radicals for destruction of aqueous organic pollutants has become a 

promising remediation technology owing to the high degradation efficiency, com-

plete mineralization and simple reaction conditions. Although homogeneous activa-

tion of sulfate radicals obtains excellent degradation efficiency, the leaching of the 

transition metal ions leads to the requirement of further treatment to avoid the sec-

ondary pollution of the toxic heavy metal ions. While heterogeneously activated sul-

fate radicals for oxidation reactions not only circumvent this problem but also 

achieve similar decomposition efficiency of the organic pollutants. Various types of 

heterogeneous catalysts have been developed for the activation of PMS or PS to 

produce these highly reactive sulfate radicals for organic pollutant decomposition.(41, 

44, 105, 201, 218, 244) And these catalysts can be classified into two streams: met-

al-based catalysts by employing transition metal oxides and metal-free catalysts by 

utilizing some carbonaceous materials.  

2.6.1 Metal-based heterogeneous catalysts 

Although homogeneous Co
2+

/PMS system was revealed to be the most efficient for 

the generation of sulfate radicals for mineralization of organic pollutants (219, 220), 

if the reaction solution is not well treated the dissolved cobalt ions can be harmful to 

both aquatic life and human beings.(29) In order to overcome this disadvantage, het-

erogeneous Co/PMS system was then developed. (245, 246) Anipsitakis et al. found 

that Co3O4 possessed excellent ability to activate PMS to produce sulfate radicals for 

2,4-dicholorophenol decomposition.(246) And the catalytic activity of Co3O4 mainly 

arises from its large surface area and narrow particle size distribution. In another 

study, nano-Co3O4 particles were prepared and employed for activation PMS for Ac-

id Orange 7 (AO7) degradation. (245) It was found that these nano-Co3O4 particles 
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possessed good catalytic activity at neutral pH value and AO7 was completely de-

composed. Nevertheless, leaching of cobalt ions was still observed. In order to min-

imize the cobalt ion leaching, supported Co catalysts including Co/SBA-15 (201), 

Co/activated carbon (236), Co/TiO2 (247), Co/SiO2 (247), Co/zeolites (237) and 

Co/MgO (235) have been reported to be highly active for PMS activation. However, 

leaching of toxic cobalt ions cannot be completely avoided by using supported cobalt 

catalysts.  

Manganese oxides abundantly exist in the environment and manganese ions have 

much lower toxicity than cobalt ions. Manganese-based materials are regarded as the 

promising alternatives to cobalt based catalysts due to the unique redox cycles be-

tween Mn
2+

 and Mn
4+

. These redox cycles enable manganese-based materials to ob-

tain excellent oxygen mobility in the oxide lattice and thus could induce high effi-

ciency in redox reactions.(240) Many types of manganese oxides have been synthe-

sized and used for activation of PMS for removal of contaminants. It was found that 

the crystalline phase of the manganese oxides has a critical effect on the catalyst ac-

tivity.(239) Saputra et al. prepared MnO2 in α, β and γ phases in the morphologies of 

nanowires, nanorods and nanofibers, respectively, and their catalytic activities in 

PMS activation were examined for degradation of phenol.(248) It was suggested 

α-MnO2 showed the highest activity. The effects of oxidation states of manganese on 

activation of PMS were also investigated by employing a series of MnOx (MnO, 

MnO2, Mn2O3 and Mn3O4). It was found that the activity follows an order of Mn2O3 > 

MnO > Mn3O4 > MnO2.(31) Furthermore, the effect of the exposed facets were stud-

ies by the synthesis of various shape-controlled manganese oxide catalysts.(249) 

Mn2O3 in the shapes of cube, octahedra and truncated octahedra were synthesized 

and their catalytic activity for producing sulfate radicals were examined by activation 

of PMS for phenol decomposition. It was found that these Mn2O3 in various shapes 

showed different activities in phenol degradation and the cubic Mn2O3 demonstrated 

the highest catalytic activity in phenol oxidation.(240)  
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In recent years, dimensionally controlled catalysts have attracted numerous research 

interests due to their special structures and unique physical and chemical properties. 

Some manganese-based catalysts in various dimensions have also been developed. 

Wang et al. synthesized 1D α-MnO2 nanorods, nanotubes and nanowires via a facile 

one-pot hydrothermal process without addition of any surfactant.(113) The synthe-

sized materials were utilized for activation of PMS to generate sulfate radicals for 

phenol degradation. It was found that 1D α-MnO2 nanowires obtained the highest 

catalytic activity due to the exposure of the crystal facet with a higher energy. Appli-

cation of hierarchical materials in heterogeneous catalysis is promising due to the 

ease of separation of bulk materials and the high performance of the nanostructure. 

Recently, some hierarchical 3D structured manganese oxides have been successfully 

synthesized. Yu et al. employed a novel hydrothermal method using MnSO4 and 

K2S2O8 as precursors to synthesize 3D sea-urchin like and 3D clew-like MnO2 and 

tested their performance as electrochemical supercapacitors.(250) Duan et al. synthe-

sized 3D nanocube-like MnO2 by using KMnO4, Mn(AC)2
.
4H2O and glucose as 

precursors and polyvinylpyrrolidone (PVP) as a surfactant.(251) For sulfate radicals 

generation using 3D hierarchical structure MnO2 as catalysts, Wang et al. prepared 

3D hierarchical structure MnO2 in corolla and sea-urchin shapes via a facile hydro-

thermal method.(218) The prepared catalysts showed outstanding catalytic activity in 

activation of PMS for degradation of phenol solutions and remarkable stability for 

repeating uses. 

Apart from cobalt and manganese-based catalysts, zero valent iron (ZVI) has been 

widely utilized as an efficient catalyst to generate free radicals for the removal of a 

large variety of pollutants such as chlorinated hydrocarbons, nitrobenzenes, chlorin-

ated phenols, polychlorinated biphenyls (PCBs), heavy metals, and various anions 

due to the low cost and strong redox potentials.(252, 253) Recently, because of its 

large specific surface area and high surface activity, nanoscale ZVI has received 

more research attention than conventional ZVI.(254) Ghanbari et al. utilized ZVI for 

activation PMS to produce sulfate radicals for the decolorization of various textile 
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wastewater and compared its degradation efficiency with ZVI/H2O2 system.(255) It 

was found that compared with ZVI/H2O2 system, ZVI/PMS possessed a higher effi-

ciency for both dye degradation and COD removal. Moreover, ZVI presented the 

highest catalytic activity when the solution pH = 4. Xiong et al. employed Fe
0
 for 

activation of sodium persulfate for degradation of various aqueous organic pollutants 

under weak magnetic field.(256) It was found that sodium persulfate could be effi-

ciently activated by Fe
0
 under neutral pH value to produce sulfate radicals and thus 

provided an ecofriendly route for degradation of aqueous organic pollutants.   

However, despite of the high activity in reduction reactions, nano-Fe
0
 suffers from 

poor stability in air due to its high surface energy.(20, 257) Studies revealed that 

nano-Fe
0
 can be encapsulated into porous carbon spheres for enhancement of trans-

portation and suspension and therefore to improve its stability.(258) Sun et al. syn-

thesized carbon microsphere encapsulated nano-Fe
0
 catalyst for activation of PMS 

for phenol degradation.(259) Compared with bare Fe
0
 catalysts, the as-synthesized 

material showed much better catalytic stability without significantly sacrificing ac-

tivity. Because of strong dipole-dipole attraction and high surface area to volume ra-

tio, nano-Fe
0
 particles also favor strong inter-particle aggregation which leads to the 

reduction of their surface area and hiding their active sites.(260) In order to prevent 

the strong aggregation, different types of supporting materials have been employed 

including activated carbon (261), bentonite (262), alumina (263) and polystyrene 

resin (264) for the better distribution under aqueous solution. And a liquid-phase re-

duction method as most widely applied for preparation of supported nano-Fe
0
 com-

posites.(261-263) Nevertheless, the preparation processes of supported nano-Fe
0
 

composites are complex and cost-intensive due to the vacuum operation, production 

of massive volume of hydrogen and high cost of borohydride. Wang et al. recently 

found a novel and facile way for synthesizing supported nano-Fe
0
 composites by us-

ing g-C3N4 as the supporting materials.(244) The as-prepared material presented ex-

cellent distribution ability in aqueous solution and superior catalytic activity to acti-

vate PMS for degradation of phenol solution.  
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Another concern for metal-based catalysts is their recyclability. Though metal leach-

ing problem can be minimized in heterogeneous forms, these heterogeneous catalysts 

would still result in secondary pollution if not well recycled. The development of 

magnetic catalysts can well circumvent this problem since the catalysts remained in 

the reaction solution can be easily separated under magnetic field. Moreover, com-

pared with vacuum separation or sedimentation processes, magnetic separation pro-

cess is more efficient, less complicated and requires less energy input. In the past 

decades, utilizing magnetite nanoparticles (Fe3O4 NPs) as magnetic separating mate-

rials has attracted great research interests because of their morphology-dependent 

physical and chemical properties, biocompatibility and excellent magnetic properties. 

(34, 36, 37, 265). However, similar as nano-Fe
0
, significant inter-particle agglomera-

tion limits the wider application of pure Fe3O4 NPs.(266) In order to reduce the ag-

glomeration, recently, Yao et al. had applied graphene as a supporting material to 

prepare magnetic Fe3O4 adsorbents or catalysts.(267, 268) Furthermore, core/shell 

structured Fe3O4/carbon spheres have attracted research attention owing to their 

unique magnetic response, low cytotoxicity and highly functional surface.(39, 40) 

Wang et al. synthesized magnetic separable Fe3O4/carbon spheres loaded with cobalt 

and manganese oxides for activation of PMS for phenol degradation.(41) The 

as-prepared materials were dispersed well in aqueous solution and showed remarka-

ble catalytic activity for generation of sulfate radicals. Apart from Fe3O4 NPs and 

their composites, ZnFe2O4 nanoparticles have been proposed as a promising alterna-

tive owing to their superior dispersion and excellent stability in water and atmos-

phere. (269, 270) Compared with other magnetic materials, ZnFe2O4 possesses ad-

vantages of high stability under humid air, easy synthesis and low cost.(271, 272) 

ZnFe2O4 also shows better dispersion and less dipole-dipole attraction than iron 

based magnetic materials.(270) By utilizing these advantages, Wang et al. prepared 

MnO2/ZnFe2O4 hierarchical structured micro composites and tested their activity for 

PMS activation to produce sulfate radicals.(273) Moreover, ZnFe2O4 nanoparticles 

have successfully demonstrated their extensive applications in photocatalysis,(274) 

adsorption(275) and solar cells.(276, 277)  
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2.6.2 Metal-free heterogeneous catalysts 

Although metal-ion leaching problem can be controlled by using various types of 

heterogeneous catalysts including low toxic metal-based catalysts, supported metal 

oxide catalysts and magnetic separable catalysts, leaching is still inevitable. In order 

to completely circumvent metal ion leaching, the development of novel metal-free 

catalysts with high catalytic activity is in highly demand. Recently, nanocarbon ma-

terials including graphene, graphene oxide/reduced graphene oxide and carbon 

nanotubes (CNTs) have attracted worldwide attention due to their large theoretical 

surface area, unique electronic property, outstanding thermal conductivity and sp
2
 

hybridized carbon configuration.(278-280) Various studies have revealed that these 

nanocarbon materials have promising catalytic activity for energy and environmental 

applications.(42, 43)  

In a pioneering study, Sun et al. found that reduced graphene oxide could activate 

PMS to produce sulfate radicals for decomposition of various aqueous organic pol-

lutants such as phenol, chlorophenol and dye.(30) Compared with conventional car-

bon materials such as activated carbon, this novel nanocarbon presented much better 

catalytic activity owing to the unique zigzag edges, structural defects and the oxygen 

containing groups on the graphene surface with rich electrons. From then on, the 

door to the nanocarbon catalysis for sulfate radical generation has been opened and 

various types of nanocarbon catalysts have been developed and utilized for activation 

of PMS for aqueous organic pollutants degradation. Fullerene, graphene oxide, gra-

phene nanoplates, single-wall carbon nanotubes (SWCNTs) and multi-wall carbon 

nanotubes (MWCNTs) have been demonstrated to be catalytically active for PMS 

activation.(29, 30, 44-46) To enhance the catalytic activity, some structure modified 

reduced graphene oxides were prepared by chemical or physical activation to in-

crease the specific surface area (SSA).(281, 282) These activated rGOs were utilized 

for adsorption and catalytic oxidation of methylene blue. It was found that the oxy-

gen containing groups and the specific surface area have significant effects on both 
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adsorption and catalytic activity. Furthermore, heteroatoms such as boron, nitrogen, 

and phosphate were also introduced to rGO and SWCNTs structure to improve their 

catalytic activities.(29, 45, 69) Studies demonstrated that nitrogen doping can im-

mensely improve the catalytic efficiency for PMS activation to produce free radicals 

for aqueous organic pollutants degradation. (29) 

 

 

2.7 Conclusions 

Due to the rapid development in industrialization and urbanization, increasing 

amount of aqueous organic contaminants have been discharged from refinery pro-

cesses and households to the freshwater system and resulting in detrimental effects to 

both the environment and human beings. Among these organic pollutants, phenol and 

its derivatives, which are used as raw materials in chemical, petrochemical and 

pharmaceutical industries, have attracted intensive attention because of their toxicity 

and refractory to natural degradation. In order to degrade these pollutants, various 

wastewater treatment technologies such as adsorption, wet air oxidation and chemi-

cal oxidation have been developed. However, these processes suffer from low deg-

radation efficiency and post-treatment is required. Advanced oxidation processes 

(AOPs) have been proven to be most effective among the available environmental 

remediation technologies. Compared with conventional technologies, AOPs have 

much better degradation efficiency and complete mineralization without producing 

toxic byproducts. Fenton reactions demonstrate their high efficiency in degradation 

of aqueous organic pollutants by utilizing hydroxyl radicals generated from hydrogen 

peroxide using homo/heterogeneous catalysts. Though homogeneous Fenton reac-

tions may result in problems such as metal leaching, production of sludge, low pH 
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requirement, the development of Fenton-like reactions utilizing other activation 

sources circumvents these disadvantages. Photocatalytic process has demonstrated its 

efficiency as the promising alternatives to Fenton/Fenton-like processes due to its 

discharging of “zero” waste and cost-effectiveness. And various types of catalysts 

have been developed to further improve the degradation efficiency. Catalytic ozona-

tion process has demonstrated to be an efficient strategy for aqueous organic pollu-

tant removal. Compared with traditional ozonation process, the organic pollutants 

can be effectively and completely mineralized owing to the contribution of catalysts. 

Recently, advanced oxidation process by utilizing sulfate radicals has attracted re-

search attentions. Sulfate radicals not only possesses a higher standard redox poten-

tial than hydroxyl radicals (3.1V vs. 2.7V), but also can be easily generated under 

neutral pH. Development of heterogeneous catalysts with a high catalytic activity for 

AOPs is quite promising. Various types of metal-based and metal-free catalysts have 

been synthesized and tested for their catalytic activities in different AOPs. It has been 

found that compared with cobalt-based catalysts, manganese-based catalysts show 

similar catalytic activity but much lower toxicity and obtain promising potentials in 

advanced oxidation processes. On the other hand, proper recycle of the used catalysts 

becomes another important concern for the consideration of the catalysts’ regenera-

tion and the prevention of the secondary contaminant. Magnetic separable catalysts 

provide a feasible solution for the ease of the separation as well as minimizing the 

secondary pollution by integrating the catalytic active metal oxides with the magnetic 

materials such as Fe3O4 and ZnFe2O4.  
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Chapter 3: 3 D-hierarchically Structured MnO2 for Cata-

lytic Oxidation of Phenol Solutions by Activation of Perox-

ymonosulfate: Structure Dependence and Mechanism 

ABSTRACT 

Hierarchical materials have facilitated fascinating applications in heterogeneous ca-

talysis due to that micro-sized bulk is easily separable and nano-sized sub-blocks can 

significantly enhance catalytic performance. In this chapter, corolla-like δ-MnO2 

with sub-blocks of nanosheets, and urchin-shaped α-MnO2 with sub-blocks of nano-

rods were synthesized by a simple hydrothermal route. The hydrothermal tempera-

ture significantly influenced the crystal structure, morphology and textural structure 

of the obtained three-dimensional (3D) MnO2 catalysts. The catalytic activities of 

three samples prepared at 60, 100 and 110 
o
C (denoted as Mn-60, -100 and -110, re-

spectively) were thoroughly evaluated by activation of peroxymonosulfate (PMS) for 

catalytic oxidation of phenol solutions. Based on first-order kinetics, the rate con-

stants of Mn-60, -100 and -110 catalysts were determined to be 0.062, 0.132, and 

0.075 min
-1

, respectively. The activation energy of Mn-100 in catalytic oxidation of 

phenol solutions was estimated to be 25.3 kJ/mol. The catalytic stability of Mn-100 

was also tested and discussed by monitoring Mn leaching. Electron paramagnetic 

resonance (EPR), quenching tests, total organic carbon (TOC) analysis and identifi-

cation of intermediates were applied to illustrate the activation processes of PMS and 

the mechanism of phenol degradation. 
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3.1. Introduction 

Aqueous organic pollutants, discharged from natural processes, industrial activities, 

and households, are detrimental to human health and the eco-environment. As one of 

the important organic pollutants in wastewater, phenol is widely used in many indus-

trial processes, such as chemical, petrochemical and pharmaceutical industries.(1) 

Moreover, phenol and phenolic compounds are not only resistant to natural degrada-

tion, but toxic even at a low concentration, therefore development of effective strate-

gies for removal of phenolics from water are highly in demand.(2, 3) In the past a 

few years, advanced oxidation processes (AOPs) have been widely applied owing to 

the promising capability of complete decomposition of the organics. As one of typi-

cal AOPs, Fenton reaction has demonstrated to be highly effective in complete re-

moval of pollutants by producing hydroxyl radicals (
•
OH).(4) To overcome the limi-

tations of Fenton reaction, such as low pH 3-4, large amount of sludge produced, and 

metal leaching, sulfate radicals were introduced as an alternative to hydroxyl radicals. 

(5-7) Sulfate radicals can be effectively activated in both homogeneous (8, 9) and 

heterogeneous cobalt catalysis,(10, 11) metal leaching problem leading to secondary 

contamination can thus be minimized. However, for cobalt catalysis, neither homo-

geneous nor heterogeneous reactions can completely prevent the cobalt leaching, 

which might lead to severe health problems.(12-14) Therefore, sourcing novel cata-

lysts for activation of PMS is critical in employment of sulfate radicals for environ-

mental remediation. 

Manganese oxides are common metal oxides present in soils and have a low toxicity 

to the environment. As promising catalysts alternative to Fe-based materials, a varie-

ty of Mn oxides were applied in Fenton or Fenton-like reactions for producing hy-

droxyl radicals.(15, 16) In a recent study on supported cobalt catalysts, we for the 

first time discovered that α-MnO2 has a moderate activity in activation of PMS.(17) 

Thereafter, several α-MnO2 catalysts in forms of nanospheres, nanorods and nan-



79 
 

owires were developed and used in activation of PMS. Crystalline phase of the mate-

rials was found to play a critical role in the catalytic oxidation of phenol. (18) The 

effects of oxidation states of manganese on activation of PMS were also investigated 

by employing a series of MnOx (MnO, MnO2, Mn2O3 and Mn3O4). It was suggested 

that the activity follows an order of Mn2O3 > MnO > Mn3O4 > MnO2.(19) 

Shape-controlled synthesis can significantly improve the catalytic activity of the ox-

ides, owing to the intrinsic atomic arrangements of the exposed facets.(20) Mn2O3 

shaped in cube, octahedra and truncated octahedra showed different activities in 

phenol degradation, with the highest phenol oxidation achieved on cubic Mn2O3.(21) 

α-, β- and γ-MnO2 materials presented in morphologies of nanowires, nanorods and 

nanofibers respectively were examined in catalytic oxidation of phenol, and α-MnO2 

showed the highest activity.(22) So far, hierarchically structured Mn oxides have not 

been employed for activation of PMS in environmental applications. Moreover, the 

PMS activation processes have not been well illustrated. 

Three-dimensional (3D) structures are of much importance because of their attractive 

physical and chemical properties. (23-25) It would be very interesting to apply hier-

archical materials in heterogeneous catalysis because they can both remain easy sep-

aration of bulk materials and provide a high performance due to the nanostructure. 

The successful synthesis of 3D manganese oxides has been reported recently. Li et al. 

(26) reported a homogeneous catalytic route to prepare urchin-like sphere network 

and nanowire network of α-MnO2 hierarchical nanostructures. Yu et al. (27) reported 

3D sea-urchin like and 3D clew-like MnO2 by a hydrothermal method using MnSO4 

and K2S2O8 as precursors and tested their performance as electrochemical superca-

pacitors. Duan et al. (28) synthesized 3D nanocube-like MnO2 by using KMnO4, 

Mn(AC)2
.
4H2O and glucose as precursors and poly(vinylpyrrolidone) as a surfactant.  

In this chapter, we demonstrated a facile one-pot hydrothermal method to synthesize 

corolla and sea-urchin shaped MnO2 nanostructures by reduction of potassium per-

manganate solution under hydrochloric acid condition without any surfactant. MnO2 
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in 3D hierarchical structures were selectively obtained by simply varying the reaction 

temperature in the hydrothermal process and showed microscale in diameter and na-

noscale in sub-blocks of nanosheets or nanorods. The prepared catalysts showed out-

standing catalytic activity in activation of PMS for degradation of phenol solutions 

and remarkable stability for repeating uses. The PMS activation processes and the 

mechanism of catalytic oxidation of phenol on MnO2 were further investigated by 

means of EPR studies.  

3.2. Experimental Section 

3.2.1. Materials 

Potassium permanganate (99.8%), hydrochloric acid (37%), and phenol (99%), eth-

anol (99.9%) and tert-butyl alcohol (99.9%) were purchased from Sigma-Aldrich. 

Oxone
®
 (2KHSO5·KHSO4·K2SO4, PMS) was obtained from Aldrich. 5,5-Dimethyl-

1-pyrroline (DMPO, >99.0%) and commercial activated Mn (IV) dioxide (99.9%) 

were obtained from Fluka. All chemicals were used as received without further puri-

fication.  

3.2.2. Synthesis of hierarchically structured MnO2  

3 D-hierarchically structured MnO2 was prepared by a modified hydrothermal pro-

cess with reduction of KMnO4 reported by Xiao et al. (29) The concentration of pre-

cursors and hydrothermal temperatures were modified to obtain desired nanostruc-

tured MnO2 materials. Scheme 3.1 shows the preparation procedure of MnO2 cata-

lysts. In a typical synthesis, 2.8 mmol (0.45 g) of KMnO4 was first dissolved in 80 

mL of deionized water. Then 0.027 mol of HCl (37 wt%) was added to the solution 

drop wisely under magnetic stirring to form the precursor solution. After stirring for 

about 20 min, the solution was transferred into a Teflon-lined stainless steel auto-
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clave with the capacity of 120 mL. The autoclave was then heated in an electric oven 

at 60, 100
 
and 110 

o
C for 12 h, respectively. After the autoclave was naturally cooled 

down to room temperature, each of the black precipitate was harvested by vacuum 

filtration and washed with deionized water for 3 times before being dried at 60 
o
C 

overnight. Referring to the hydrothermal temperature, the obtained samples were la-

belled as Mn-60, -100 and -110, respectively. 

Scheme 3.1. Synthesis procedure of MnO2 nanostructures. 

3.2.3. Characterization 

The structure and morphology of the materials were observed on a ZEISS NEON 

40EsB scanning electron microscope (SEM). XRD (X-ray diffraction) patterns were 

obtained on a Bruker D8 diffractometer (Bruker-AXS, Karlsruhe, Germany) using 

filtered Cu Kα radiation (𝜆= 1.5418 Å) with an accelerating voltage of 40 kV and a 

current of 30 mA. The Brunauer–Emmett–Teller (BET) specific surface area and the 

pore size distribution of the samples were evaluated by N2 adsorption/desorption us-

ing a Micromeritics Tristar 3000. Prior to measurement the samples were degassed at 

100 
o
C overnight under vacuum condition.  

3.2.4. PMS activation and catalytic oxidation 

The catalytic oxidation of phenol was carried out in a 500 mL reactor containing 20 
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mg/L of phenol solution with a constant stirring at 400 rpm. The reactor was attached 

to a stand and dipped into a water bath with a temperature controller. Unless specifi-

cally stated, the reaction temperature was 25 
o
C. In a typical test, firstly, 0.1 g cata-

lyst was added into the phenol solution for 30 min to achieve adsorption-desorption 

equilibrium, then Oxone
®
 was added into the solution at 2 g/L. At certain intervals, 1 

mL aqueous sample was withdrawn by a syringe and filtered into a HPLC vial, 

which was priorly injected by 0.5 mL of methanol to quench the reaction. For cata-

lytic phenol degradation, each experiment was repeated in order to obtain error bars 

on the plots. The concentration of phenol was analyzed using a Varian HPLC with a 

UV detector at wavelength of 270 nm. A C-18 column was used to separate the or-

ganics while the mobile phase with a flow rate of 1 mL/min was made of 30% 

CH3CN and 70% water.  

Total organic carbon (TOC) was determined using a Shimadzu TOC-5000 CE ana-

lyzer for selected samples. For the measurement of TOC, 10 mL sample was ex-

tracted at a fixed interval and quenched with 10 mL of 0.3 M sodium nitrite solution 

and then analyzed.(7) The intermediates of phenol degradation were investigated by 

the HPLC. Classical quenching tests were performed on corolla-like MnO2 (Mn-100) 

using ethanol (EtOH) and tert-butyl alcohol (TBA) as quenching agents to distin-

guish the dominant reactive species for phenol degradation.  

For the recycle tests of the catalyst, the material was obtained by vacuum filtration 

and washed with ultrapure water for several times after each run. Then the washed 

catalyst was dried in an oven at 60 
o
C for 12 h. For radical detection, various electron 

paramagnetic resonance (EPR) experiments were performed on a Bruker EMX-E 

spectrometer (Germany) with DMPO as a spin-trapping agent. 
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3.3. Results and discussion 

3.3.1. Characterization of the hierarchical materials 

Fig. 3.1 shows XRD patterns of three MnO2 nanostructures. Mn-60 and Mn-100 dis-

play similar XRD patterns. Diffraction peaks at 12.3, 25.5, 36.7 and 66.2
o
 were ob-

served, corresponding to the crystal planes of (0 0 1), (0 0 2), (1 1 1) and (3 1 1), re-

spectively. The XRD patterns of Mn-60 and Mn-100 were identified to pure layered 

birnessite-type MnO2 (JCPDS No. 80-1098, monoclinic, C2/m, a=5.15 Å, b=2.84 Å, 

c=7.17 Å), detonated as δ-MnO2.(29) While the pattern of Mn-110 confirmed the 

formation of α-MnO2 (JCPDS No. 44-0141, tetragonal, I4/m, a=b=9.78 Å, c=2.86 

Å).(27) The characteristic peaks in Mn-60 pattern were much broader than those of 

Mn-100, indicating that the crystallinity of Mn-60 sample was not as high as Mn-100. 

As seen, at hydrothermal temperature below 100 
o
C, the crystal structures of the 

synthesized samples were similar, while crystalline structure would be changed at the 

temperature above 100 
o
C. Moreover, since no other characteristic peaks were ob-

served, the obtained samples were confirmed to be of high purity. 
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Figure 3.1. XRD patterns of Mn-60, -100 (δ-MnO2) and -110 (α-MnO2). 
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The reactions involved in the hydrothermal process for MnO2 formation can be 

briefly described as follows. (26) 

2KMnO4 + 8HCl   
60−100𝑜𝐶
→        2MnO2 (δ type) + 3Cl2 + 2KCl + 4H2O      Eq. 3.1 

2KMnO4 + 8HCl  
110𝑜𝐶
→    2MnO2 (α type) + 3Cl2 + 2KCl + 4H2O         Eq. 3.2 

Fig. 3.2 shows SEM images of the synthesized samples for displaying their structure 

and morphology. Fig. 3.2 (a) and (b) illustrate SEM images of Mn-60. It can be ob-

served that this product is presented as uniform δ-MnO2 nanosphere with an average 

diameter of 200 nm, which is consisted of developing nanosheets on the surface. The 

SEM images of Mn-100 are shown in Fig. 3.2 (c) and (d). The micro-

sphere/nanosheet hierarchical nanostructures with a diameter of 2-3 μm were ob-

served. Compared with Mn-60, the nanosheets on Mn-100 surface grew more com-

pact and deeper, and thus providing a larger diameter with more corolla-like mor-

phology. The growth of the nanosheets is significantly affected by the hydrothermal 

temperature (60
 
– 100 

o
C), and the nanosheets on the MnO2 nuclei gradually develop 

and grow up perpendicular to the MnO2 nuclei. The growth mechanism from MnO2 

nuclei to corolla-like microspheres can be ascribed as follows. In the first phase, pre-

liminary crystallization process occurred. A large number of nuclei were formed 

within a rather short time period. With the aid of pressure and temperature, the nuclei 

would develop larger. Meanwhile, the heterogeneous growth of 2D nanosheets on 

these nuclei happened and the diameter of the nanoparticles as well as the compact-

ness of the 2D nanosheets within the corolla were strongly dependent on the precur-

sors’ concentrations.(30)   
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Figure 3.2. SEM images of Mn-60 (a and b), -100 (c and d) and -110 (e and f). 

When hydrothermal temperature was further increased to 110 
o
C, corolla-like micro-

spheres consisting of 2D nanosheets converted to hollow sea-urchin shaped MnO2 

with a diameter of 3-4 μm (Fig. 3.2 (e) and (f)). The hollow sea-urchin shaped MnO2 

particles are made of straight hollow tetragonal nanorods with a uniform diameter of 

30-40 nm. Comparison of the three samples suggested that MnO2 experienced a 

phase change at around 100 - 110 
o
C in current synthesis route, as also confirmed by 

XRD patterns. 

Fig. 3.3 shows N2 adsorption/desorption isotherms and the associated pore size dis-
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tribution of three MnO2 samples. It can be seen that all the three samples possess the 

type IV isotherm with a type H3 hysteresis loop indicating a mesoporous structure. 

(31) Comparison of the specific surface area and pore size distribution was shown in 

Table 3.1. It was found that Mn-100 presents the highest surface area of 41.7 m
2
/g 

and a large pore volume of 0.149 cm
3
/g. While Mn-60 and Mn-110 show the similar 

surface area (19.4 and 17.5 m
2
/g, respectively). The difference in surface areas of the 

samples was also reflected by SEM images shown previously. The highest surface 

area and pore volume of Mn-100 were attributed to the compact and deep 2D 

nanosheets. While the scattered and shallow layer of Mn-60 sample and urchin-like 

structure of Mn-110 would not contribute much to either surface area or pore vol-

ume. 
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Figure 3.3. Nitrogen sorption isotherms and pore size distribution of Mn-60, -100 

and -110.  

The hysteresis loops of Mn-60 and Mn-100 samples are similar, and are broad in a 

lower relative pressure range (0.45 < P/P0 < 0.9). Moreover, both samples have a ra-

ther narrow pore size distribution concentrating at a similar position around 2.5 nm 

and thus resulting in a similar average pore size (6.7 nm for Mn-60 and 6.3 nm for 

Mn-100).   
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Table 3.1. Textural property of MnO2 catalysts and their activities in phenol degrada-

tion. 

Catalyst  Surface ar-

ea (SBET 

m
2
/g) 

Pore vol-

ume (cm
3
/g) 

Average pore 

diameter 

(nm) 

First-order 

rate constant 

(min
-1

) 

R
2
 

Mn-60 19.4 0.0493 6.7 0.059 0.992 

Mn-100 41.7 0.149 6.3 0.19 0.993 

Mn-110 17.5 0.0412 11.6 0.069 0.999 

Comparatively, sea-urchin-like sample (Mn-110) demonstrated a narrow hysteresis 

loop at a relative pressure (P/P0) range of 0.6 to 0.95 and a bimodal pore size distri-

bution concentrating at 2.2 and 6.3 nm, respectively (Fig. 3.3(C)). Based on the SEM 

image shown in Fig. 3.2 (f), the occurrence of the bimodal pore distribution can be 

ascribed to the hollow structure of the tetragonal nanorods and the void space en-

closed by the tetragonal nanorods. Moreover, due to the hollow structure and the 

void space, the average pore size of Mn-110 was almost double as compared to that 

of Mn-60 and Mn-100. 

3.3.2. Catalytic oxidation of phenol  

Fig. 3.4 presents phenol removal profiles under various reaction conditions. In order 

to provide benchmark for the catalytic performance of MnO2, control experiments 

were carried out to investigate PMS self-oxidation and catalyst self-adsorption. It 

was found that without MnO2 as the catalyst, PMS could not induce significant phe-

nol degradation. Less than 4% of phenol was degraded after 120 min, indicating that, 

at current experimental conditions, thermal activation of PMS for production of reac-

tive sulfate radicals is negligible. For adsorption on various MnO2 nanostructures 

without PMS, similar trend was observed and less than 5% of phenol was adsorbed 

in 120 min. Corolla-like MnO2 (Mn-100) presented a higher adsorption than others 

due to the higher BET surface area and larger pore volume. The fluctuation of phenol 

removal profiles in the first 30 min can be ascribed to achieving adsorp-
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tion/desorption equilibrium. For catalytic reactions with the presence of PMS, all the 

three MnO2 nanostructures demonstrated superior catalytic activity to the commer-

cial activated MnO2 which provided a less than 20% phenol degradation after 120 

min. Corolla-like Mn-100 showed the highest activity for activation of PMS to pro-

duce sulfate radicals and 100% phenol removal was achieved within 30 min. 

Sea-urchin like MnO2 (Mn-110) possessed a lower activity and provided 100% phe-

nol removal in 45 min. While Mn-60 presented the least phenol degradation rate and 

100% phenol removal was achieved after 60 min.  
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Figure 3.4. Phenol removal on different materials in adsorption and reaction. Reac-

tion conditions: [phenol]0 = 20 mg/L; catalyst loading = 0.2 g/L; Oxone
®
 loading = 

2.0 g/L; Temperature: 25 
o
C. 

Previous researches have shown that Co and Mn based catalytic reactions for phenol 

degradation using PMS as an oxidant followed a first-order kinetic model. (17, 21, 

32-34) In this study, a first-order kinetic model (Eq. 3.3) was applied for evaluation 

of the kinetics of phenol degradation. 
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𝑙𝑛 (
𝐶

𝐶0
) = −𝑘𝑡                              Eq. 3.3 

Where C and C0 are the phenol concentrations at time (t) and t = 0, respectively and 

k is the reaction rate constant. Fig. 3.5 shows that phenol degradation curves of three 

MnO2 nanostructures can be fitted well by the first-order kinetics with high values of 

regressions coefficients (R
2
 > 0.992). The reaction rate constants for the three cata-

lysts are provided in Table 1. As seen, the reaction rate constant of corolla-like MnO2 

(Mn-100) was about 3 times higher than Mn-60.  

0 10 20 30 40 50
-4.5

-4.0

-3.5

-3.0

-2.5

-2.0

-1.5

-1.0

-0.5

0.0

 

 

 Mn-60   R
2
=0.992

 Mn-100 R
2
=0.993

 Mn-110 R
2
=0.999

ln
(C

/C
0
)

Time (min)
 

Figure 3.5. First order kinetic model of catalytic phenol reactions. 

It was evidenced that MnO2 nanostructures in various shapes showed different cata-

lytic performances in phenol degradation, and the catalytic activity of corolla-like 

δ-MnO2 is higher than sea-urchin like α-MnO2. It was also deduced that the high cat-

alytic activity of corolla-like δ-MnO2 can be ascribed to the higher surface area and 

the highly active surface facet with the arrangement of inherent distinction of surface 

atoms. (20, 21) The shape-dependent catalytic performances of manganese oxides 

were also reported in other catalyst systems. Fang et al. (35) prepared KxMnO2 
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nanostructures with two different morphologies (honeycomb and hollow needle), and 

evaluated their catalytic activity in oxidative decomposition of formaldehyde and 

found that honeycomb KxMnO2 showed a superior catalytic activity to hollow needle 

KxMnO2. Zhang et al. (31) investigated shape-controlled Mn3O4 nanocrystals and 

their catalysis for degradation of methylene blue, and found that octahedral shaped 

Mn3O4 exposing the facet of (111) possessed an excellent catalytic activity for H2O2 

activation.  

Fig. 3.6 reveals the effect of reaction temperature on phenol degradation using corol-

la-like MnO2 (Mn-100) as the catalyst. A general trend can be observed that higher 

temperature will result in an increase in reaction rate. As seen, phenol degradation 

could reach 100% at 20 min when temperature was elevated to 35 
o
C. While at 25 

o
C, 

phenol was able to be fully removed in 30 min. The relationship between reaction 

rate and temperature reveals that the PMS activation process is an endothermic reac-

tion: higher temperature would drive the reaction to produce more reactive sulfate 

and hydroxyl radicals and thus enhance the phenol degradation efficiency. To evalu-

ate the activation energy, reaction rate constants at varying temperature were deter-

mined on the basis of the first-order kinetics and the correlation between the rate 

constants and reaction temperature was fitted by the Arrhenius equation. The rela-

tionship was shown in the inset of Fig. 3.6. The activation energy of Mn-100 catalyt-

ic reaction was then obtained to be 25.3 kJ/mol. 
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Figure 3.6. Effect of reaction temperature on phenol degradation and estimation of 

activation energy. Reaction conditions: [phenol]0 = 20 mg/L; Catalyst loading = 0.2 

g/L; Oxone loading = 2.0 g/L. 

Table 3.2. Comparison of activation energy in Mn-based catalysis. 

Catalyst Organics Activation energy 

(kJ/mol) 

Reference 

Mn2O3 sphere Phenol 11.4 (19) 

Mn2O3 cube Phenol 61.2 (21) 

α-MnO2 nanowire Phenol 21.9 (22) 

Mn3O4-rGO Orange II 49.5 (36) 

corolla-like MnO2 Phenol 25.3 This work 

 

For Mn activation of PMS for organics degradation, a few of investigations have re-

ported the kinetics and activation energies. For comparison, Table 3.2 summarizes 

the activation energies obtained from previous researches on PMS activation using 

Mn-based materials. As seen, corolla-like δ-MnO2 presented lower activation energy 

than most of manganese oxide catalysts.  
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Figure 3.7. Phenol degradation on Mn-100 at different runs after repeated uses. Re-

action conditions: [phenol]0 = 20 mg/L; Catalyst loading= 0.2 g/L; Oxone
®
 loading = 

2.0 g/L; and T = 25 °C. 

Fig. 3.7 shows the activity of recycled corolla-like δ-MnO2 (Mn-100) by simple wa-

ter washing in phenol degradation. As can be seen, corolla-like δ-MnO2 shows a 

slight decrease in the second run but 100% phenol removal was still obtained within 

45 min. While in the third run, the catalyst presented a similar activity as the second 

run, suggesting the high stability of corolla-like δ-MnO2. After 3 h reaction, the reac-

tion solutions were collected and the concentrations of leached Mn ions were ana-

lyzed by atomic absorption spectroscopy (AAS SpectrAA 110, Varian). The concen-

tration of Mn remained in the solution was detected to be around 3 ppm, which sug-

gests the loss of catalyst activity caused by Mn leaching is negligible. The activity 

decrease for the second run could be attributed to the adsorption of reaction interme-

diates on the catalyst surface. By comparison of the reaction rates of the second and 

third run, one can be seen that these reaction intermediates attached on catalyst sur-

face cannot be removed by the simple water washing process. In a recent study of 

phenol degradation on Mn2O3, phenol degradation decreased from 100% to 27%, but 
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could be recovered to be almost 100% after a heat treatment of Mn2O3 at 500 
o
C for 1 

h.(19) The study strongly suggested that these intermediates can be completely re-

moved by calcination either in air or N2 atmosphere. (32, 37)  
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Figure 3.8. TOC removal profiles and variation of intermediate concentrations dur-

ing phenol degradation. (A) TOC removal efficiencies during phenol degradation on 

various 3D MnO2 catalysts. (B) Variation of intermediate concentrations during 

phenol degradation on Mn-100. 
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Fig. 3.8(A) presents the TOC removal profiles of phenol decomposition on various 

3D MnO2 catalysts. All three catalysts were able to provide efficient TOC reduction 

in a short time. Mn-100 provided the best TOC reduction and more than 80% of TOC 

was removed and transferred into inorganic carbon forms within 45 min. While for 

Mn-60, around 70% of TOC was reduced after 45 min. The order of the TOC remov-

al rates were in accordance with the order of phenol degradation rates on the various 

catalysts. 

In order to investigate the reaction intermediates, the reaction solutions at certain in-

tervals were analyzed using HPLC with a UV detector set at wavelength of 270 nm 

and the mobile phase flow rate of 0.2 mL/min. It was found that p-benzoquinone, 

4-hydroxybenzonic acid and 1,2-dihydroxybenzne were the major intermediates 

during the catalytic phenol degradation reaction. The concentration variations of the 

intermediates with time on Mn-100 are shown in Fig. 3.8(B). As seen, compared with 

the concentration variation of 1,2-dihydroxybenzne, p-benzoquinone and 

4-hydroxybenzoic acid were the more abundant aromatic intermediates, suggesting 

that hydroxylation took place predominantly in the para position.(17) 

3.3.3. PMS activation processes on MnO2  

In activation of PMS using metal-based catalysts, it is well accepted that sulfate rad-

icals (SO4
.-
) are the key active species for degradation of organic pollutants.(32, 34, 

37, 38) In order to investigate the catalytic oxidation mechanism and identify wheth-

er other radicals have been involved in the reactions, EPR tests were carried out us-

ing corolla-like δ-MnO2 as the catalyst and DMPO as the spin trapping agent.  
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Figure 3.9. EPR spectra in various conditions. Centerfield: 3510 G; Sweep width: 

100 G; Microwave frequency: 9.87 GHz; Modulation frequency: 100 GHz; and 

Power: 18.11 mW. Reaction condition: Phenol = 20 mg/L; Catalyst loading= 0.2 g/L; 

Oxone
®
 loading = 2.0 g/L, pH = 7.0; DMPO = 0.08 M.      : DMPOX;     : 

DMPO-
•
OH;      : DMPO-SO4

-•
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As shown in Fig. 3.9(A), no peaks were identified in the EPR spectra when 2 g/L 

PMS solution was tested without adding the spin trapping agent (DMPO) or phenol 

solution, indicating that no spins had been trapped without DMPO. When DMPO 

was added in the as-mentioned PMS solution, characteristic signals with an intensity 

ratio of 1: 2: 1: 2: 1: 2: 1 were captured, which were assigned to nitroxide radicals of 

DMPO (5,5-dimethylpyrroline-(2)-oxyl-(1); DMPOX).(39) The appearance of a ni-

troxide radical peak such as DMPOX was not derived from spin-trapping of 

DMPO-
•
OH, but from direct oxidation by single electron sources. (40) In this case, 

immense amount of 
•
OH generated by H2O2, which was the hydrolysis product of 

HSO5
-
 and would oxidize most of the spin trapping agent to DMPOX in the absence 

of degradation target, phenol. And the correspondent hydrolysis reaction of HSO5
-
 is 

shown in Eq. 3.4. 

HSO5
-
 + H2O ↔ H2O2 + HSO4

-
             Eq. 3.4 

When corolla-like δ-MnO2 was added together with PMS (2 g/L) and phenol solution 

(20 mg/L), sulfate radicals and hydroxyl radicals were identified, as shown in Fig. 

3.8(B). At 1 min, characteristic signals of DMPO-
•
OH adducts (with hyperfine split-

ting constants of aN = aH = 14.9 G) and DMPO-SO4
-•
 adducts (with hyperfine split-

ting constants of aN = 13.2 G, aH = 9.6 G, aH = 1.48 G and aH = 0.78 G) were ob-

served. [32] The appearance of DMPO-
•
OH and DMPO-SO4

-•
 adducts revealed that 

both 
•
OH and SO4

-•
 radicals were generated at the initial phase of the reaction. In ad-

dition, no characteristic peaks of DMPOX were observed in this EPR spectrum, sug-

gesting that with the participation of phenol, 
•
OH preferred reacting with phenol oth-

er than DMPO.  

When reaction time was prolonged to 5 min, the peak intensities of DMPO-SO4
•-
 

adducts decreased dramatically. Furthermore, little or no intensities of DMPO-SO4
•-
 

signals could be observed when reaction time was extended to 10 min. While within 

the same reaction time period (5-10 min), the peak intensities of DMPO-
•
OH adducts 
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also experienced a decrease though not as sharp as DMPO-SO4
•-
 adducts. And in the 

EPR spectra at 10 min, only signals of DMPO-
•
OH adducts were identified. The 

sharper intensity decrease of DMPO-SO4
•-
 adducts indicates that sulfate radicals 

were more active than hydroxyl radicals in phenol degradation process. The rapid 

intensity decrease of the radicals is also in agreement with the fast reaction rate of 

corolla-like δ-MnO2 shown in Table 3.1.  
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Figure 3.10. Phenol removal profile and intensity variations of DMPO-
•
OH and 

DMPO-SO4
•-
 during reaction on Mn-100. 

Fig. 3.10 shows the relationship between phenol removal and the peak intensities of 

the DMPO-
•
OH /DMPO-SO4

•-
 dependent on reaction time over Mn-100 catalyst. As 

shown clearly, at 1 min after addition of PMS, the DMPO-SO4
•-
 reached the highest 

peak intensity. After that the intensity of DMPO-SO4
•-
 gradually decreased, and 

reached zero at 10 min, indicating the complete consumption. However, the evolu-

tion of DMPO-
•
OH intensity had a different trend. It reached peak at 5 min and al-

most half of the intensity remained during the phenol degradation process. Combined 

the intensity variation of DMPO-
•
OH /DMPO-SO4

•-
 with the phenol degradation pro-

file, it could be induced that 80% of phenol degradation at the first 10 min might be 

ascribed to the dominant role of sulfate radicals.  
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Figure 3.11. Changes of reaction rate (k) of catalysts with and without quenching 

agents of EtOH (0.2 M) and TBA (0.2 M). Reaction conditions: [phenol]0 = 20 mg/L, 

catalyst loading= 0.2 g/L, Oxone
®

 loading = 2.0 g/L, and T = 25 °C. 

To further investigate the major reactive species responsible for phenol degradation, 

classical quenching tests using ethanol (EtOH) and tert-butyl alcohol (TBA) as 

quenching agents were carried out. It was suggested that both EtOH and TBA could 

sufficiently quench •OH and the reaction rates are 1.2×10
9
 – 2.8×10

9
 M

-1
s

-1
 and 

3.8×10
8
 – 7.6×10

8
 M

-1
s

-1
, respectively.(41) SO4

•-
 can be quenched more rapidly by 

the quenching agents with α-hydrogen. It was reported that the reaction rates of 

EtOH (with α-hydrogen) and TBA (without α-hydrogen) with SO4
•-
 are 1.6×10

7
 – 

7.7×10
7
 and 4.0×10

5
 – 9.1×10

5
 M

-1
s

-1
, respectively. (41, 42) Therefore, by adding 

EtOH or TBA into the reaction solutions, the reactive radicals responsible for phenol 

degradation can be well differentiated. 

Fig. 3.11 shows the results of the quenching tests in form of changes in reaction rate 

constant k. When 0.2 M EtOH was added in the original reaction solution, more than 

20% of decrease in reaction rate was observed, compared with the original one, sug-
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gesting that part of the hydroxyl and sulfate radicals were quenched. However, by 

addition of 0.2 M TBA, less than 5% decrease occurred to reaction rate. Therefore, 

since the addition of EtOH could incur more remarkable decrease in reaction rate 

than TBA, the dominant reactive species for phenol degradation were suggested to be 

sulfate radicals. 

Based on EPR investigations as well as the results of the quenching tests, the mecha-

nism of activation of PMS by δ-MnO2 nanostructures for phenol degradation could 

be proposed as follows.  

Ξ Mn(IV) + HSO5
-
 → Ξ Mn(III) + SO4

•-
 + OH

-
      Eq. 3.5 

Ξ Mn(III) + HSO5
- → Ξ Mn(III) + SO4

2-
 + 

•
OH      Eq. 3.6 

Ξ Mn(III) + HSO5
- → Ξ Mn(IV) + SO5

•-
 + H

+
       Eq. 3.7 

2SO5
•-
 + 2OH

-
 → 2SO4

2
 + 2

•
OH + O2         Eq. 3.8 

•
OH + SO4

•-
 + C6H5OH → several steps → CO2 + H2O + SO4

2-
   Eq. 3.9 

•
OH + 

•
OH  →  H2O2            Eq. 3.10 

SO4
•-
 + SO4

•-
  → S2O8

2-
            Eq. 3.11 

•
OH + SO4

•-
  →  HSO5

-
            Eq. 3.12 

First, δ-MnO2 activated PMS to generate SO4
•-
 and 

•
OH

 
at the same time and thus 

Eqs. 3.5 and 3.6 happened simultaneously. Then most of the produced SO4
•-
 radicals 

were depleted quickly by reacting with phenol. During the reaction between SO4
•-
 

radicals and phenol, some of the generated 
•
OH

 
also participated, though at an inferi-

or reaction rate (Eq. 3.9). After the depletion of SO4
•-
, 

•
OH

 
became the only reactive 

species to react with phenol. Meanwhile, the reduced δ-MnO2 catalyst (ΞMn(III) re-

acted with PMS resulting in the recovery of the original δ-MnO2 (ΞMn(III)) and the 
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generation of 
•
OH

 
(Eqs 3.7 and 3.8). Moreover, some of the competitive reactions 

also happened which might negatively influence the generation of the reactive radi-

cals (Eqs. 3.10-3.12). 

3.4 Conclusions 

Shape-controlled 3D MnO2 hierarchical nanostructures were fabricated via a facile 

one-step hydrothermal method and their catalytic activities in activation of PMS for 

phenol degradation were evaluated. Corolla-like δ-MnO2, prepared at a hydrothermal 

temperature of 100 
o
C, showed 2D compact layers of nanosheets on the surface. It 

also had a higher catalytic activity than 3D sea-urchin like α-MnO2, which was pre-

pared at 110 
o
C and made of 1D tetragonal nanorods. Catalytic degradation of phenol 

was influenced by reaction temperature, higher temperature would accelerate PMS 

activation to produce more radicals and thus enhance the reaction rates. The kinetic 

studies suggested that the heterogeneous catalytic system followed first-order kinet-

ics and the activation energy was 25.3 kJ/mol. The catalyst stability tests revealed 

that corolla-like δ-MnO2 possessed a high stability with little deactivation after sev-

eral tests. The mechanism of catalytic reaction for PMS activation was investigated 

by EPR spectra and showed that both of 
•
OH and SO4

-•
 are produced in the activation 

processes, and SO4
-•
 plays a more critical role in phenol oxidation.   
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Chapter 4: New Insights into Heterogeneous Generation and 

Evolution Processes of Sulfate radicals for Phenol Degrada-

tion over One-dimensional α-MnO2 Nanostructures 

ABSTRACT 

In the last chapter, we discussed three-dimensional (3D) MnO2 catalysts for efficient 

activation of PMS for phenol oxidation. In order to probe the structural effect of 

manganese oxide on PMS activation, in this chapter, we fabricated three 

one-dimensional (1D) α-MnO2 nanostructures, nanorods, nanotubes and nanowires 

by a one-pot hydrothermal method without addition of any surfactants. 

Shape-dependent performance of 1D α-MnO2 was observed in catalytic degradation 

of phenol solutions. The phenol oxidation can be described by a first-order kinetic 

model and the activation energies of phenol oxidation on the three α-MnO2 materials 

were estimated to be 20.3, 39.3 and 87.1 kJ/mol for nanowires, nanorods, and nano-

tubes, respectively. Both electron paramagnetic resonance (EPR) spectra and com-

petitive radical tests were applied to investigate the PMS activation processes and to 

differentiate the major reactive species dominating the catalytic oxidation. The pro-

cesses of PMS activation, evolution of sulfate radicals, and phenol degradation 

pathways were clearly illustrated. 
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4.1 Introduction 

Manganese oxides are abundant in soils and have various forms such as MnO, MnO2, 

Mn2O3 and Mn3O4. Due to variation of the oxidation states between 2+ and 4+ redox 

cycles, manganese oxides have excellent oxygen mobility in the oxide lattices and 

thus induce superior redox reactions (1). Therefore, they have been widely used as 

catalysts, electrodes for energy storage and supercapacitors (2-5). Moreover, manga-

nese ions have a low toxicity to the environment compared with cobalt ions. Based 

on these features, manganese oxides have been reported as promising alternatives to 

Co systems for PMS activation to produce reactive species (1, 2, 6). However, PMS 

activation mechanism by MnOx has not been explored. 

In the past few years, 1D nanomaterials in nanotube, nanofibre, nanowire or nanorod 

have attracted intensive attention due to their unique physical and chemical proper-

ties (7-9). The performances of 1D nanomaterials depend on shape and structure. 

Wang and Li (10) reported a low temperature liquid-phase comproportionation 

method for synthesis of single crystalline α-MnO2 nanorods with diameters 20-80 nm. 

Luo et al.(11) synthesized single crystals of tetragonal α-MnO2 nanotubes by a facile 

hydrothermal treatment of KMnO4 in hydrochloric acid solution. Su et al.(12) used a 

hydrothermal method to prepare α-MnO2 and β-MnO2 nanorods and tested their per-

formances as the cathode materials for sodium ion batteries. They found that β-MnO2 

could be a promising cathode material with high capacity due to the more compact 

tunnel-structure. 

Herein, a facile one-pot hydrothermal method was applied to synthesize α-MnO2 

nanorods, nanotubes and nanowires using KMnO4 with hydrochloric acid or MnSO4. 

The as-prepared α-MnO2 1D structures demonstrated superior catalytic activities in 

activation of PMS for phenol degradation. The physicochemical properties of crys-

talline structure, morphology, and reusability of the as-prepared shape-controlled 
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catalysts were investigated. Moreover, the PMS activation and sulfate radical evolu-

tion were thoroughly studied by means of EPR and competitive radical tests. 

4.2 Materials and Methods 

Chemicals were same as that in Chapter 3.  

4.2.1 Synthesis of 1 D structured MnO2 

MnO2 nanorods and nanotubes were prepared by a hydrothermal route using KMnO4 

and HCl at 120 and 140 
o
C, respectively (3). In the synthesis, 2.8 mmol of potassium 

permanganate was first dissolved in 80 mL of ultrapure water. After 10 min stirring, 

0.027 mol of HCl (37 wt%) was added dropwisely under stirring to form a precursor 

solution. After stirring for another 20 min, the solution was transferred into a Tef-

lon-lined stainless steel autoclave with the volume of 120 mL. Two autoclave reac-

tors were then sealed and put in an oven at temperature of 120 and 140 
o
C for 12 h, 

respectively, and were then cooled down to room temperature naturally. The products 

were harvested by vacuum filtration and washed with ultrapure water for 3 times be-

fore dried at 60 
o
C overnight. The obtained samples were labelled as Mn-nanorods 

and Mn-nanotubes, respectively. 

MnO2 nanowires were synthesized by a similar hydrothermal method reported before 

(4). Firstly, 1.2 mmol of manganese sulfate hydrate and 3.2 mmol of potassium per-

manganate were dissolved in 80 mL of ultrapure water at room temperature and 

magnetically stirred for 20 min to form a homogeneous solution. The solution was 

then transferred into a Teflon-lined stainless steel autoclave with the capacity of 120 

mL. The autoclave was sealed and maintained at 140 
o
C for 12 h. The resulted prod-

uct was filtered and washed by ultrapure water for 3 times and dried at 60 
o
C over-

night. The product was referred as Mn-nanowires. 
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4.2.2 Characterization of materials and catalytic oxidation 

Characterization details and phenol oxidation as well as mechanistic studies can be 

found in Chapter 3.  

4.3 Results and Discussion 

4.3.1 Characterization of 1D MnO2 materials 

 

Figure 4.1 SEM images of α-MnO2 (a) nanorods, (b) nanotubes, and (c) nanowires. 

(a)             (b)             

(c)             
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Figure 4.2 SEM images of α-MnO2 nanostructures. (a) nanorods, (b) nanotubes, and 

(c) nanowires. 

Fig. 4.1 shows SEM images of the samples prepared in different hydrothermal condi-

tions. The morphologies of the products at low magnification can be found in Fig. 

4.2. Using potassium permanganate and hydrochloric acid as the precursors, the 

sample prepared at 120 °C showed a uniform morphology of nanorods. The 1 D te-

tragonal nanorods had a size of 1-2 μm in length and possessed a square cross section 

with the edge length ranging in 30-50 nm. At 140 °C, the particle morphology 

changed to 1 D tetragonal nanotubes with a length of around 2 μm and a similar 

square-cross section to nanorods. The evolution of the morphology from nanorods to 

nanotubes was ascribed to the “etching mechanism” (11), which was more favored at 

a higher temperature (13, 14). Due to the anisotropic growth driven by chemical po-

tential, MnO2 nanorods were firstly formed. When hydrothermal temperature was 

elevated, etching process occurred in each nanorod from both ends towards the cen-

ter along the long axis (001) to form hollow nanotubes, which have the most stable 

(a)  

            

(c)             

(b)  
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low-index nonpolar surface (3, 11). Maintaining the temperature at 140 °C and using 

potassium permanganate and manganese sulfate as the precursors, nanowires with 

sharp ends were obtained, as shown in Fig. 4.1(c). They had sizes of 5-6 μm in length 

and around 40 nm in diameter. The nanowires had a much larger aspect ratio than the 

tetragonal nanorods/nanotubes prepared using potassium permanganate and hydro-

chloric acid as precursors. 
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Figure 4.3 XRD patterns of various α-MnO2 nanostructures. 

Fig. 4.3 shows XRD patterns of three MnO2 nanomaterials. Same characteristic 

peaks were observed on MnO2 nanorods, nanotubes and nanowires, which are well 

agreement with a pure α-MnO2 phase (JCPDS No. 44-0141, tetragonal, I4/m, 

a=b=9.78 Å, c=2.86 Å). The sharp characteristic peaks and the strong intensities in-

dicate that the obtained α-MnO2 products were of good crystallinities. Moreover, the 

intensities of the three samples followed an order of nanorods > nanowires > nano-

tubes, indicating the crystallinity is controlled by both precursors and temperature. 

α-MnO2 is constructed by the double chains of edge-sharing MnO6 octahedra that are 

linked at the corners to form (2 × 2) + (1 × 1) tunnel structure, and these tunnels ex-
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tend in the direction parallel to the c axis of the tetragonal unit cell (12). Some cati-

ons could be involved within the (2 × 2) tunnel structures during the synthesis pro-

cesses (the 1 × 1 tunnels are generally too small for cations) and thus direct the 

growth pattern (3). In both methods, potassium ions from KMnO4 serve as the crucial 

cations to direct the MnO6 octahedral units to form the (2 × 2) dominating tunnel 

structure of α-MnO2 (15).  

The reactions involved during the hydrothermal processes can be briefly described as 

follows (4, 16). 

2KMnO4 + 8HCl  
120−140 𝑜𝐶
→         2MnO2 (α type) + 3Cl2 + 2KCl + 4H2O Eq. 4.1 

2KMnO4 + 3MnSO4 + 2H2O 
140𝑜𝐶
→    5MnO2 (α type) + K2SO4 + 2H2SO4 Eq. 4.2 

Fig. 4.4 displays N2 adsorption/desorption isotherms and the correspondent pore size 

distributions of three α-MnO2 nanomaterials. Generally, all the three α-MnO2 

nanostructures had a IV isotherm with a type of H3 hysteresis loop, suggesting a 

mesoporous structure (17). Compared with other two nanostructures, α-MnO2 nan-

owires possessed a higher surface area (66.0 m
2
/g) and pore volume (0.149 cm

3
/g), 

indicating that, though three 1 D nanostructures showed the same crystal structure, 

the surface area and pore volume varied with the synthesis precursors. The BET spe-

cific surface area and pore volumes are shown in Table 4.1. Both nanorods and 

nanotubes demonstrated a narrow hysteresis loop at a relative pressure (P/P0) range 

of 0.5 to 0.95 and a bimodal pore size distribution centered at 1.0 and 2.2 nm, re-

spectively (Fig. 4.4(A) and (B)). Despite of the similarities, the proportion of the mi-

cropores in nanotubes ranging between 0.5-1.5 nm was enhanced when compared to 

nanorods, which is in accordance with the evolution of the morphology. Compara-

tively, nanowires showed a broad hysteresis loop, appearing at lower relative pres-

sure (0.45 < P/P0 < 0.9). Moreover, the as-synthesized sample had a rather narrow 

pore size distribution concentrating at 2.5 nm.  
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Figure 4.4 Nitrogen sorption isotherms and pore size distribution (insets) of three 

α-MnO2 nanostructures. 
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Table 4.1 Textural properties of MnO2 nanomaterials and their activities in phenol 

degradation. 

Catalyst  Surface area 

(SBET, m
2
/g) 

Pore volume 

(cm
3
/g) 

First-order rate 

constant (min
-1

) 

R
2
 

Nanorods 19.6 0.0524 0.147 0.996 

Nanotubes 23.9 0.0495 0.112 0.997 

Nanowires 66.0 0.149 0.179 0.999 

4.3.2 Catalytic oxidation of phenol 
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Figure 4.5 Phenol removal profiles in various conditions. Reaction conditions: 

[phenol]0 = 20 mg/L, catalyst loading = 0.2 g/L, Oxone
®
 loading = 2.0 g/L, Temper-

ature: 25 
o
C. 

Fig. 4.5 shows the adsorption and degradation profiles of phenol over three α-MnO2 

nanomaterials. Control experiments were first carried out to reveal phenol removals 

induced by adsorption and PMS self-oxidation. Negligible phenol degradation oc-

curred when PMS alone was used. A decline of less than 5% in phenol concentration 

was found after 90 min without a catalyst. For the adsorption tests, similar phenol 

removal profiles were observed for the three catalysts in which phenol removal fluc-
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tuated in the first 30 min to achieve adsorption/desorption equilibrium. For catalytic 

reactions with PMS, it was shown that commercial activated MnO2 could not effec-

tively activate PMS for phenol degradation and 80% of phenol was still remained 

after 90 min. It was interesting to find that all the 1 D α-MnO2 can effectively acti-

vate PMS to achieve fast phenol degradation. As seen, α-MnO2 nanowires demon-

strated the highest phenol degradation rate and thus indicated the best catalytic activ-

ity. It removed 100% phenol within 30 min. α-MnO2 nanotubes possessed the lowest 

catalytic activity but phenol was fully degraded in 60 min.  

On the basis of the phenol degradation profiles, a first-order kinetic model (Eq. (3)) 

was applied to evaluate the catalytic reaction kinetics. 

𝑙𝑛 (
𝐶

𝐶0
) = −𝑘𝑡                              Eq. 4.3 

Where C is phenol concentration at time (t) and C0 is the phenol concentration at ini-

tial time (t0). k is the first order reaction rate constant. Fig. 4.6 shows that phenol 

degradation curves were fitted well to the first-order kinetics with high values of re-

gression coefficients. 
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Figure 4.6 First order kinetic model of phenol oxidation reactions on various MnO2 

materials. 
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The shape-dependent performances of α-MnO2 1 D nanostructures in phenol oxida-

tion can be related to their physicochemical properties. Recently, three Mn2O3 

nanostructures were synthesized and their catalytic activities were tested in phenol 

oxidation (1). It was found the order of catalytic activity was Mn2O3 cube > Mn2O3 

cuboctahedra > Mn2O3 octahedra, suggesting that facet (001) possess the highest cat-

alytic potential. 1D MnO2 with different crystallographic structures, α-, β- and 

λ-phases were also prepared and examined in catalytic oxidation of phenol solutions. 

α-MnO2 demonstrated a higher activity than β- and λ-MnO2 (2). In the present study, 

α-MnO2 nanowires have the largest BET surface area (66.0 m
2
/g) and thus obtain the 

highest catalytic activity. However, the catalytic activity of α-MnO2 nanorods is 

higher than that of α-MnO2 nanotubes, which did not follow the same order as the 

BET surface areas. The difference in catalytic activity can be related to the activity of 

different facets of MnO2. The evolution of nanorods to nanotubes could be explained 

by the gradual disappearance of the metastable (001) facet, and thus suggesting that 

the metastable facet (001) possesses the higher activity potential than facet (200) (3, 

11).  
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Figure 4.7 Effect of initial phenol concentration on phenol degradation on α-MnO2  

nanowires. Reaction conditions: catalyst loading = 0.2 g/L, Oxone
®
 loading = 2.0 g/L, 

T=25 
o
C. 

To investigate the effects of reaction conditions on catalytic phenol degradation, fur-

ther kinetic studies were carried out on the most effective catalyst, α-MnO2 nan-

owires. Fig. 4.7 shows the effect of initial phenol concentration on phenol degrada-

tion efficiency. A general trend can be observed that, with increasing initial phenol 

concentration, the time for 100% phenol degradation became longer, indicating the 

decrease in degradation efficiency. As shown, when initial phenol concentration was 

increased to 40 and 60 ppm, 100% degradation of phenol would take 45 and 60 min, 

respectively.   
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Figure 4.8 Effect of catalyst loading on phenol degradation on α-MnO2 nanowires. 

Reaction conditions: = [phenol]0 = 20 mg/L, Oxone
®
 loading = 2.0 g/L, T=25 

o
C. 

The effect of catalyst loading on phenol degradation is shown in Fig. 4.8. As shown, 

catalyst amount could dramatically influence phenol degradation. Increasing catalyst 

loading resulted in significant enhancement of phenol degradation efficiency. When 

catalyst loading was 0.1 g/L, phenol was completely degraded within 60 min, 

whereas 0.4 g/L catalyst loading resulted in 100% phenol degradation within 20 min. 

The increased efficiency can be ascribed to the increased active sites in the solution 

for reaction with PMS thereby generating more reactive species. 
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Figure 4.9 Effect of reaction temperature on phenol degradation on α-MnO2 nan-

owires. Reaction conditions: [phenol]0 = 20 mg/L, catalyst loading = 0.2 g/L, Ox-

one
®
 loading = 2.0 g/L. 

Fig. 4.9 shows phenol degradation profiles on α-MnO2 nanowires at varying temper-

atures. A general trend can also be observed that, at elevated temperature, phenol 

degradation rates are enhanced, revealing the endothermic nature of the PMS activa-

tion process. As seen, phenol degradation could reach 100% within 20 min when re-

action temperature was increased to 30 
o
C. Based on the first-order kinetics, reaction 

rate constants at varying temperatures were determined and the correlation between 

the rate constant and reaction temperature was fitted well by the Arrhenius equation 

with a high regression coefficient (inset figure). The activation energy was then ob-

tained to be 20.3 kJ/mol. Fig. 4.10 further illustrated the phenol degradation profiles 

on α-MnO2 nanorods/nanotubes at varying temperatures. Similar trends were ob-

served for α-MnO2 nanorods and nanotubes as for α-MnO2 nanowires. Moreover, the 

activation energies for α-MnO2 nanorods and nanotubes were 39.3 and 87.1 kJ/mol, 

respectively. The lowest activation energy of α-MnO2 nanowires was in agreement 

with its best phenol degradation efficiency. 
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Figure 4.10 Effect of reaction temperature on phenol degradation on various cata-

lysts. (A) α-MnO2 nanorods (B) α-MnO2 nanotubes. Reaction conditions: [phenol]0 = 

20 mg/L, catalyst loading = 0.2 g/L, Oxone
®
 loading = 2.0 g/L. 

0 15 30 45 60 75 90
0.0

0.2

0.4

0.6

0.8

1.0

 

 

 First run

 Second run

 Third run

P
h

e
n

o
l 
d

e
g

ra
d

a
ti
o

n
 (

C
/C

0
)

Time (min)
 

Figure 4.11 Phenol degradation on α-MnO2 nanowire at different runs after repeated 

uses. Reaction conditions: [phenol]0 = 20 mg/L, catalyst loading= 0.2 g/L, Oxone
®

 

loading = 2.0 g/L, and T = 25 °C. 

The stability of nanowires was further investigated by a three-run reusability test, as 
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shown in Fig. 4.11. For recycle, the catalyst was simply regenerated by water wash-

ing. As shown, the phenol degradation rates were similar for the second and third 

runs and phenol removals were achieved at 100% in 45 min. The decrease of catalyt-

ic activity can be attributed to the degradation intermediates which block the active 

sites on the surface of catalyst and could not be fully removed by water washing. 

However, these intermediates can be completely removed by calcination either in air 

or N2 atmosphere and the catalytic activity will be fully recovered (18, 19).  

4.3.3 Activation of PMS and evolution processes of sulfate radicals 

In order to investigate the activation and oxidation mechanism, EPR spectra were 

acquired to identify the hydroxyl and sulfate radicals produced in activation of PMS, 

using α-MnO2 as a catalyst and DMPO as the spin trapping agent. 
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Figure 4.12 EPR spectra in various conditions. (A) Signal of DMPOX, (B) Free rad-

icals in catalytic oxidation of phenol on MnO2 nanowires, (C) Hydroxyl radical in-

tensities on different catalysts at 1 min activation, and (D) EPR spectra at 1 min ac-

tivation on different MnO2 nanomaterials. Centerfield: 3510 G; sweep width: 100 G; 

microwave frequency: 9.87 GHz; modulation frequency: 100 GHz; and power: 18.11 

mW. Reaction conditions: [phenol]0 = 20 mg/L, catalyst loading= 0.2 g/L, Oxone 

loading = 2.0 g/L, pH = 7.0, DMPO = 0.08 M.      : DMPOX;     : 

DMPO-HO•;      : DMPO-SO4
•-
 

To identify the reactive species generated during the catalytic reaction, control ex-

periments were first carried out to study the influence of PMS and PMS with addi-

tion of DMPO on EPR spectra. As seen in Fig. 4.12 (A), when 2 g/L PMS solution 

was tested without addition of DMPO or phenol, no characteristic peaks were identi-

fied, suggesting that without the spin-trapping agent, no signals of reactive species 

were captured. With the addition of 0.08 M DMPO solution to the PMS solution, 



123 
 

strong EPR signals with an intensity ratio of 1:2:1:2:1:2:1 appeared, which can be 

assigned to the characteristic signals of 5,5-dimethylpyrroline-(2)-oxyl-(1) 

(DMPOX), the nitroxide radical of DMPO (20). The DMPOX signals can be related 

to the hydrolysis process of HSO5
- 
(Eq. 4.4) (21). The hydrolysis product, H2O2, can 

then generate hydroxyl radicals (Eq. 4.5) that would directly oxidize DMPO to 

DMPOX in the absence of phenol. 

HSO5
-
 + H2O ↔ H2O2 + HSO4

-
                   Eq. 4.4 

H2O2 → •OH + •OH                Eq. 4.5 

Fig. 4.12 (B) shows EPR spectra of reactive radicals during the catalytic oxidation on 

α-MnO2 nanowires with PMS (2 g/L) in phenol (20 mg/L) solution. As seen, within 

the overall activation and oxidation processes, both hydroxyl and sulfate radicals 

were identified through the signals of DMPO-HO• and DMPO-SO4
-•
 adducts, respec-

tively. At 1 min, DMPO-HO• adducts (with hyperfine splitting constants of aN = aH = 

14.9 G) were observed, suggesting that only hydroxyl radicals was generated at the 

initial stage of the catalytic reaction (22). Moreover, the absence of DMPOX charac-

teristic peaks in the EPR spectra indicates the selective oxidation behavior of hy-

droxyl radicals, which preferred to react with phenol rather than DMPO (23). When 

reaction time was prolonged to 10 min, signals of DMPO-SO4
•-
 adducts (with hyper-

fine splitting constants of aN = 13.2 G, aH = 9.6 G, aH = 1.48 G and aH = 0.78 G) (22) 

were detected together with the signals of DMPO-HO• adducts, suggesting that both 

sulfate and hydroxyl radicals were generated at this reaction stage. It is noted that, 

the intensity of the DMPO-HO• peaks decreased within this period, which can be 

attributed to the reaction of hydroxyl radicals for the generation of sulfate radicals. 

However, when reaction time was further extended to 30 min, little or no intensities 

of DMPO-SO4
•-
 adducts could be detected, revealing the fact that the generated sul-

fate radicals were consumed rapidly in the catalytic reaction. The fast disappearance 

of the DMPO-SO4
•-
 not only confirms that sulfate radicals are more active than hy-
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droxyl radicals in phenol degradation process, but also indicates that sulfate radicals 

are the major reactive species for phenol degradation. 

Fig. 4.12(C) shows the peak intensities of hydroxyl radicals activated by α-MnO2 

nanostructures (nanowire, nanorod and nanotube) at 1 min and their corresponding 

EPR spectra are shown in Fig. 4.12 (D). As seen, α-MnO2 nanowires obtained the 

highest peak intensity which was almost double of that on α-MnO2 nanotubes. While 

α-MnO2 nanorods presented the peak intensity in between. Given that the intensities 

are proportional to the concentrations of reactive species at 1 min, the amounts of the 

hydroxyl radicals generated by the three α-MnO2 1D nanostructures follow the order 

of α-MnO2 nanowires > α-MnO2 nanorods > α-MnO2 nanotubes. Since sulfate radi-

cals were later induced by hydroxyl radicals, it was deduced that the amounts of sul-

fate radicals in the oxidation also followed the same order.  

To further differentiate the major reactive radical species dominating phenol oxida-

tion processes on α-MnO2 nanowires, competitive radical tests using ethanol (EtOH) 

and tert-butyl alcohol (TBA) as quenching agents were also carried out. Previous re-

searches have shown that EtOH (with α-hydrogen) can rapidly react with both hy-

droxyl and sulfate radicals, with the reaction rate constants of 1.2×10
9
 – 2.8×10

9
 and 

1.6×10
7
 – 7.7×10

7
 M

-1
s

-1
, respectively (24, 25). TBA (without α-hydrogen) can effec-

tively quench hydroxyl radicals and it reacts approximately 1000-fold faster than 

sulfate radicals; the reaction rates with hydroxyl radicals and sulfate radicals are 

3.8×10
8
 – 7.6×10

8
 and 4.0×10

5
 – 9.1×10

5
 M

-1
s

-1
, respectively (24, 25). Fig. 4.13 

shows the results in terms of reaction rate constant of phenol degradation. As seen, 

by addition of 0.2 M of EtOH, the rate constant experienced a notable decrease, from 

0.19 min
-1

 to 0.14 min
-1

 under the same reaction condition, indicating that some of 

hydroxyl and sulfate radicals were quenched by EtOH and thus the reaction rate de-

creased significantly. However, when 0.2 M of TBA was added, minor decrease in 

reaction rate constant was observed, suggesting that, though some of the hydroxyl 

radicals were quickly quenched, sulfate radicals can still provide the similar phenol 
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reaction rate to that without quenching agents. Therefore, these results reveal that the 

major reactive species for phenol degradation were sulfate radicals. 

Original EtOH TBA
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m
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Figure 4.13 Changes of reaction rate (K) on α-MnO2 nanowire/PMS with and with-

out quenching agents of EtOH (0.2 M) and TBA (0.2 M). Reaction conditions: [phe-

nol]0 = 20 mg/L, catalyst loading= 0.2 g/L, Oxone
®
 loading = 2.0 g/L, and T = 25 °C. 

To investigate the intermediates produced from catalytic phenol degradation, reaction 

solutions taken out at certain time intervals were analyzed using HPLC with a UV 

detector set at wavelength of 220 nm and a mobile phase flow rate of 0.1 mL/min. 

Detection results indicated that p-benzoquinone, 1,2-dihydroxybenzene and  

4-hydroxybenzonic acid were the major intermediates during the catalytic phenol 

degradation reaction. The concentration variations of the intermediates with time on 

Mn nanowire are shown in Fig. 4.14. As seen, p-benzoquinone and 

4-hydroxybenzoic acid were the more abundant aromatic intermediates than 

1,2-dihydroxybenzene, revealing that hydroxylation took place in the para position 

predominantly rather than ortho position (26). 
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Figure 4.14 Variation of intermediate concentrations during phenol degradation on 

Mn-100. 

On the basis of competitive radical tests, EPR spectra as well as the intermediate 

identification, the mechanisms of PMS activation on α-MnO2 nanowires for phenol 

degradation can be proposed as follows. And Scheme 4.1 describes the mechanism of 

PMS activation and phenol degradation processes. 

 

Scheme 4.1 Mechanism for PMS activation for phenol degradation on MnO2 nan-

owires. 
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Mn(III) + HSO5
- 
→ Mn(IV) + SO4

2-
 + 

•
OH        Eq. 4.6 

2
•
OH + 2HSO5

-
 → 2SO4

•-
 + 2H2O + O2                    Eq. 4.7 

Mn(IV) + HSO5
- 
→ Mn(III) + SO5

•-
 + H

+
                  Eq. 4.8 

2SO5
•-
 + 2OH

-
 → 2SO4

2-
 + 2

•
OH + O2                  Eq. 4.9 

•
OH + SO4

•-
 + C6H5OH →1,2-dihydroxybenzene and 1,4-dihydroxybenzene  

→ p-benzoquinone → 4-hydroxybenzoic acid 

→ Several steps → CO2 + H2O + SO4
2- 

      Eq. 4.10 

•
OH + 

•
OH → H2O2                                Eq. 4.11 

SO4
•-
 + SO4

•-
 → S2O8

2-
                      Eq. 4.12 

•
OH + SO4

•-
 → HSO5

-
                           Eq. 4.13 

In the first stage, α-MnO2 nanowires activated PMS to generate hydroxyl radicals
 
(Eq. 

4.6). Then some of the hydroxyl radicals further induced PMS to produce sulfate 

radicals (Eq. 4.7). However, the sulfate radicals were depleted in a short time by 

rapid reaction with phenol. During the phenol oxidation by sulfate radicals, hydroxyl 

radicals also participated, though at an inferior reaction rate (Eq. 4.10). After the de-

pletion of sulfate radicals, hydroxyl radicals
 
became the only reactive species react-

ing with phenol. Meanwhile, the recovery reactions on the reduced α-MnO2 nan-

owires resulted in the production of original state of the catalyst as well as the further 

generation of hydroxyl radicals (Eqs. 4.8 and 4.9). At the same time, competitive re-

actions may also happen which might negatively affect the generation of reactive 

species (Eqs. 4.11-13)). On the basis of the comprehensive investigations, it was 

suggested that the hydroxyl radicals generated by α-MnO2 initially determines the 

order of phenol degradation on the three α-MnO2 1D nanostructures. 
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4.4 Conclusions 

Several 1D α-MnO2 catalysts with shapes of nanorods, nanotubes and nanowires 

were prepared by a one-step hydrothermal method. Their catalytic activities in PMS 

activation for phenol degradation were investigated. α-MnO2 nanowires showed the 

highest BET surface area and largest amount of hydroxyl radical generation thus 

presenting the best catalytic activity. Although α-MnO2 nanotubes possess a slightly 

larger surface area than α-MnO2 nanorods, the catalytic activity was lower due to less 

active facet exposure. Catalytic degradation of phenol was influenced by initial phe-

nol concentration, catalyst loading and reaction temperature. Kinetic studies revealed 

that the phenol degradation using 1D α-MnO2 catalysts followed a first-order kinetic 

model, and the activation energies of α-MnO2 nanorods, nanotubes and nanowires 

were 39.3, 87.1 and 20.3 kJ/mol, respectively. The mechanism of PMS activation and 

the roles of reactive radicals were investigated by EPR spectra and competitive radi-

cal tests. It was found that the generation of sulfate radicals was initiated by hydroxyl 

radicals produced at the initial stage and the sulfate radicals were the major reactive 

species responsible for the catalytic phenol oxidation.  
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Chapter 5: Facile Synthesis of Hierarchically Structured 

Magnetic MnO2/ZnFe2O4 Hybrid Materials and Their Per-

formance in Heterogeneous Activation of Peroxymonosul-

fate 

ABSTRACT 

The effect of morphology of manganese oxide on PMS activation was examined in 

Chapters 3 and 4. In heterogeneous catalysis for water treatment, feasible recovery of 

nanocatalysts is also crucial to make the process cost-effective and environmentally 

benign. In this chapter, we applied two strategies, e.g. magnetic separation and hier-

archical structure of solid catalysts, to ensure manganese catalysts are readily separa-

ble, meanwhile their catalytic performance was retained by the nanosized structure of 

MnO2 nanosheets or nanorods. ZnFe2O4 was used as the magnetic core while MnO2 

corolla-like sphere consisting of nanosheets and sea-urchin shaped structure made of 

nanorods were fabricated by a hydrothermal method at 100 and 140 
o
C, respectively. 

Crystalline structure, morphology and textural property of the materials were inves-

tigated. The prepared catalysts were able to effectively activate peroxymonosulfate 

(PMS) to generate sulfate radicals for catalytic oxidation of a typical organic pollu-

tant of phenol. After the heterogeneous catalysis, the catalysts were easily recovered 

by applying an external magnetic field. The effects of temperature and repeated use 

on the degradation efficiencies were evaluated. The generation and evolution of sul-

fate radicals and phenol oxidation were studied using both competitive radical tests 

and electron paramagnetic resonance (EPR).  
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5.1 Introduction 

For catalyst recycling, magnetic separation technology using external magnetic fields 

provides a convenient and cost-effective way.(1, 2) Over the past decades, magnetite 

(Fe3O4) nanoparticles have been widely used in drug delivery (3-5) and catalyst sep-

aration. (6, 7) The magnetic nanoparticles suffer from the drawbacks such as strong 

dipole–dipole attraction between particles and susceptible to oxidation when expos-

ing to the atmosphere.(8) ZnFe2O4 nanoparticles have been proposed as an alterna-

tive owing to their better dispersion and outstanding stability in water and atmos-

phere. (9, 10) Apart from being a magnetic material,(11) ZnFe2O4 nanoparticles have 

successfully demonstrated their extensive applications in photocatalysis,(12) adsorp-

tion(13) and solar cells.(14, 15) Compared with other magnetic materials, ZnFe2O4 

possesses advantages of high stability under humid air, easy synthesis and low 

cost.(16, 17) ZnFe2O4 also shows better dispersion and less dipole-dipole attraction 

than iron based magnetic materials.(10)  

To the best our knowledge, no studies have been reported on synthesis of magnetic 

3D-hierarchically structured ZnFe2O4/MnO2 hybrid structures. In this chapter, we 

first demonstrated a facile hydrothermal method to synthesize magnetically separable 

MnO2 by hydrothermal treatment of KMnO4 with HCl, in which ZnFe2O4 was used 

as the magnetic dots integrated on the MnO2 sub-structure. 3D hierarchical structures 

were able to be selectively obtained by simply varying the hydrothermal reaction 

temperature. The prepared catalysts showed outstanding catalytic activity in activa-

tion of PMS for degradation of phenol solutions and the activation mechanism was 

also studies using competitive radical tests and electron paramagnetic resonance 

(EPR) analysis. 

5.2 Experimental Section 

5.2.1 Materials.  

Iron (III) chloride hexahydrate (99.8%) and zinc chloride (99.5%) were purchased 
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from Sigma-Aldrich. Sodium acetate (99.5%), ethylene glycol (99.0%) and commer-

cial activated Mn (IV) dioxide (99.9%) were obtained from Fluka. All other chemi-

cals used can be found in previous chapters. All chemicals were used as received 

without any further purification. 

5.2.2 Synthesis of ZnFe2O4/MnO2 hybrid structures.  

ZnFe2O4 nanoparticles were synthesized via a modified hydrothermal method.  In 

typical synthesis, 0.54 g FeCl3
.
6H2O and 0.14 g ZnCl2 were dissolved in 30 mL of 

1:1 glycerol and water solution by magnetic stirring for 30 min. Then 0.8 g 

CH3COONa was added into the mixed solution under vigorous stirring. After stirring 

for about 20 min, the solution was transferred into a 40 mL Teflon-lined stainless 

steel autoclave. The autoclave was then sealed and maintained at 200 
o
C for 12 h and 

was then cooled down to room temperature naturally. The products were harvested 

by vacuum filtration and washed with deionized water 3 times before being dried at 

60 
o
C overnight.  

For synthesis of ZnFe2O4/MnO2 hybrid structures, 0.25 g of ZnFe2O4 was dispersed 

in 80 mL ultrapure water by sonication for 10 min. Then 0.45 g KMnO4 and 1 mL of 

37% HCl were added to the suspension under vigorous stirring. After stirring for 

about 30 min, the homogeneous solution was transferred into a Teflon-lined stainless 

steel autoclave with the capacity of 120 mL. The autoclave was tightly sealed and 

heated in an electric oven at 100
 
and 140 

o
C for 12 h, respectively. After the auto-

clave was naturally cooled down to room temperature, each of the black precipitate 

was harvested by vacuum filtration and washed with deionized water 3 times before 

being dried at 60 
o
C overnight. According to the hydrothermal temperature, the ob-

tained samples were labelled as mMn-100 and mMn-140, respectively. According to 

the recovery, the weight loading of MnO2 was calculated to be 50.5% and 59.2% for 

mMn-100 and mMn-140, respectively. 

5.2.3 Characterization and catalytic oxidation  
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Characterization details and phenol oxidation as well as mechanistic studies can be 

found in previous chapters.  

5.3 Results and Discussion 

5.3.1 Characterization of the hierarchical materials.  

The crystalline structures of samples were investigated by XRD. The XRD pattern of 

the as-prepared ZnFe2O4 is shown in Fig. 1(A). As seen, the diffraction peaks found 

at 2θ of 30.2, 35.5, 42.9, 53.3, 56.8 and 62.3
o
 confirm the formation of cubic 

ZnFe2O4 with a spinel structure (JCPDS No. 77-0011).(9) And these peaks can be 

indexed to (220), (311), (400), (422), (511) and (440) planes of spinel ZnFe2O4, re-

spectively. The average crystallite size of ZnFe2O4 was estimated to be 19.4 nm by 

the Debye–Scherrer formula. Fig. 1(B) presents the XRD patterns of ZnFe2O4/MnO2 

hybrid structures synthesized at 100 
o
C and 140 

o
C, respectively. Characteristic dif-

fraction peaks of ZnFe2O4 were observed on both ZnFe2O4/MnO2 samples, indicating 

the presence of ZnFe2O4 in these samples. For ZnFe2O4/MnO2 synthesized at 100 
o
C, 

peaks at 12.3, 25.5, 36.7 and 66.2
o
 were also observed, corresponding to a pure lay-

ered birnessite-type MnO2 (JCPDS No. 80-1098, monoclinic, C2/m, a=5.15 Å, 

b=2.84 Å, c=7.17 Å), denoted as δ-MnO2.(18) And the diffraction peaks identified 

correspond to the crystal planes of (0 0 1), (0 0 2), (1 1 1) and (3 1 1), respectively. 

When hydrothermal temperature was elevated to 140 
o
C, according to the corre-

sponding diffraction peaks, the manganese oxide was found to be pure α-MnO2 

(JCPDS No. 44-0141, tetragonal, I4/m, a=b=9.78 Å, c=2.86 Å).(19) In this tempera-

ture-elevation process, the crystalline structure of MnO2 experienced a transfor-

mation from δ-type to α-type, revealing temperature-dependent property of MnO2 

structure. Since no other characteristic peaks from impurities were observed, the ob-

tained samples were confirmed to be of high purity. 
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Fig. 5.1 XRD patterns of ZnFe2O4 (A) and mMn-100 and mMn-140 (B).  : ZnFe2O4 

peaks. 

The reactions involved during the hydrothermal processes can be briefly described as 

follows. (20) 

2KMnO4 + 8HCl   
100𝑜𝐶
→    2MnO2 (δ type) + 3Cl2+ 2KCl + 4H2O      Eq. 5.1 
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2KMnO4 + 8HCl  
140𝑜𝐶
→    2MnO2 (α type) + 3Cl2+ 2KCl + 4H2O        Eq. 5.2 

 

Figure. 5.2 SEM images of ZnFe2O4/MnO2 samples. (a) and (b) mMn-100, (c) and 

(d) mMn-140. 

 

Figure 5.3 SEM image of ZnFe2O4 nanoparticles. 

Structure and morphology of the magnetic catalysts are displayed by SEM images. 

Fig. 5.3 illustrates SEM image of ZnFe2O4 nanoparticles. It was found that these na-
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noparticles agglomerated and presented a sphere-like morphology with the average 

size of 10-20 nm, which is well in agreement with XRD result. The agglomeration of 

these nanoparticles can be ascribed to the magnetic dipole interaction between them 

and the high surface energy due to their nano-scaled size.(21) Fig. 5.2 (a) and (b) 

show SEM images of mMn-100, the sample prepared at 100 °C. It can be observed 

that this sample shows a uniform corolla-like structure consisting of micro-

sphere/nanosheet hierarchical nanostructures with an average diameter around 2 μm. 

The crystal growth processes of this hierarchical structure include several stages. In 

the initial stage, a large number of nuclei were formed by the reactions of KMnO4 

and HCl solution.(18) Due to the high surface energy, these nuclei were captured by 

the well dispersed ZnFe2O4 nanoparticles and then grew on their surfaces to encap-

sulate the ZnFe2O4 and form sphere-like structure. At last, the heterogeneous growth 

of 2D nanosheets on these nuclei happened following a general Ostwald ripening 

process. (22, 23) 

When the hydrothermal temperature was increased to 140 
o
C, tetragonal α-MnO2 was 

produced. As a result, the morphology of mMn-140 transformed to hierarchical 

sea-urchin shaped microstructure with a diameter of 3-4 μm, made of straight tetrag-

onal nanorods with a uniform diameter of 30-40 nm (Fig. 5.2 (c) and (d)). The trans-

formation of MnO2 crystalline structure from layered δ-phase to tetragonal α-phase 

can be assigned to anisotropic growth of crystal favored at elevated temperature to 

provide higher aspect ratios. (24)  

 

Fig. 5.4 TEM images of (A) mMn-100 and (B) mMn-140. 

(A)           (B)           
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Fig. 5.4 shows TEM images for mMn-100 and mMn-140. On mMn-100, a two di-

mensional sheet-like structure consisting of wrinkles was observed, suggesting a 

sub-block of 2D layer from the 3D corona-like spheres. Magnetic ZnFe2O4 nanopar-

ticles were attached on the layers. For mMn-14, ZnFe2O4 nanoparticles were found 

to be distributed on the surface of the 1D nanorods of the 3D urchin-like structure. 

The ZnFe2O4 nanoparticles in both samples were dispersed well on the MnO2. 

Moreover, the ZnFe2O4 nanoparticles had an average size around 10-20 nm, which 

was in agreement with the average particle size calculated using the Schererr’s for-

mula based on XRD patterns. 
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Fig. 5.5 Nitrogen sorption isotherms and pore size distributions of (A) mMn-100 and 

(B) mMn-140. 

N2 sorption isotherms and pore size distributions of ZnFe2O4/MnO2 samples were 
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evaluated through N2 adsorption/desorption measurements (Fig. 5.5). According to 

the IUPAC classification, both of the samples presented a type IV isotherm with a 

type H3 hysteresis loop, indicating a typical mesoporous structure.(25) As seen, the 

samples displayed a broad hysteresis loop at a relative pressure range (P/P0) of 0.4 to 

0.95. However, the hysteresis loop on mMn-100 was broader than that of mMn-140, 

suggesting a more porous structure and thus larger surface area and pore volume, 

which were confirmed by the results shown in Table 5.1. The BET specific surface 

area of mMn-100 is about 50% greater than that of mMn-140 (166.5 m
2
/g vs. 113.1 

m
2
/g) which might be owing to the vast spaces between 2D layered hierarchical 

structures grown on the surfaces. While the pore size distributions for both samples 

are quite similar: a single modal pore diameter distribution centred at around 2.5 nm 

was observed for each sample.  

Table 5.1 Textural properties of supported MnO2 and their activities in phenol deg-

radation 

Catalyst 
Surface area  

(SBET, m
2
/g) 

Pore volume 

(cm
3
/g) 

First-order rate constant 

(min
-1

) 
R

2
 

mMn-100 166.5 0.161 0.032 0.998 

mMn-140 113.1 0.154 0.022 0.997 

5.3.2 Catalytic oxidation of phenol  

Fig. 5.6 shows the adsorption and phenol degradation profiles on various samples. In 

order to compare the catalytic activity of the samples, control experiments were car-

ried out to evaluate phenol removal caused by catalyst adsorption and PMS 

self-activation at ambient environment. As seen, less than 10% phenol was degraded 

when PMS was alone involved in the reaction without a catalyst, indicating that PMS 

could not be effectively activated under ambient thermal condition. For adsorption 

tests, both ZnFe2O4/MnO2 samples exerted insignificant phenol removal, suggesting 

that phenol removal by adsorption was negligible during the heterogeneous catalytic 

reaction. The fluctuation of phenol removal profiles in adsorption tests might be as-

cribed to that samples were achieving adsorption/desorption equilibrium.  
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For catalytic reactions, ZnFe2O4 was tested with PMS first and it showed a 

non-competitive catalytic activity. Around 20% phenol was degraded within 180 min. 

A commercial MnO2 sample provided a similar efficiency, less than 20% of phenol 

was degraded after 180 min. However, mMn-100 demonstrated a much better cata-

lytic activity, and 100% removal of phenol was achieved within 120 min whilst the 

catalytic activity of mMn-140 was slightly lower providing 100% phenol degradation 

within 150 min. It was found that the activities followed the order of their BET spe-

cific surface area, indicating that higher surface area would provide more active sites 

for catalytic reaction.  
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Fig. 5.6 Phenol removal in various conditions. Reaction conditions: [phenol]0 = 20 

mg/L, catalyst loading = 0.2 g/L, Oxone loading = 2.0 g/L, Temperature: 25 
o
C. 

For reaction kinetic studies, a first order mode (Eq.5.3) was employed to evaluate the 

catalytic reaction kinetics. 

𝑙𝑛 (
𝐶

𝐶0
) = −𝑘𝑡                              Eq. 5.3 

Where C is the concentration of phenol at time (t) and C0 is initial phenol concentra-

tion. K is the first order reaction rate constant. Fig. 5.7 shows that phenol degradation 

curve was well fitted with the first-order kinetics with high values of regressions co-
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efficients. The reaction rate constants for the two catalysts are provided in Table 5.1.  
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Figure 5.7 First order kinetic model of reactions. 

The as-synthesized ZnFe2O4/MnO2 catalysts can be easily recycled from reaction 

solution by simply applying an external magnetic field. As shown in Fig. 5.8, both of 

the ZnFe2O4/MnO2 catalysts can be well dispersed in deionized water and form a 

stable suspension before magnetic separation (Fig. 5.8(A)). When a magnet was ap-

proached to the glass vial, both of the samples rapidly accumulated to the magnet 

side, and nearly transparent solution was obtained within 3 min (Fig. 5.8(B)).  Re-

moving the external magnetic field and sonicating the solution, the solid samples can 

be dispersed again in solution. Since attraction and dispersion processes can be read-

ily altered by simply approaching or removing an external magnetic field, the 

as-synthesized ZnFe2O4/MnO2 catalysts demonstrated excellent water dispersion and 

magnetic attraction for effective separation.(26) 
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Figure 5.8 Photographs of the separation and dispersion processes. (A) Without an 

external magnetic field, and (B) with an external magnetic field. 
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Fig. 5.9 Effect of reaction temperature on phenol degradation and estimation of acti-

vation energy for (A) mMn-100 and (B) mMn-140. Reaction conditions: [phenol]0 = 

20 mg/L, catalyst loading = 0.2 g/L, Oxone loading = 2.0 g/L. 



144 
 

Table 5.2 Kinetic results of ZnFe2O4/MnO2 catalysts in activation of PMS for phenol 

degradation at different temperatures. 

Catalyst T (
o
C) K (min

-1
) R

2
 of K Ea (kJ/mol) R

2
 of Ea 

 25 0.032 0.991 

41.7 0.991 mMn-100 35 0.059 0.989 

 45 0.092 0.999 

 25 0.022 0.994 

49.4 0.992 mMn-140 35 0.045 0.994 

 45 0.077 0.989 

Reaction temperature is a key operating factor in AOPs. Phenol degradation was 

examined within a temperature range of 25 to 45 
o
C for both ZnFe2O4/MnO2 cata-

lysts by heterogeneous activation of PMS, and the results are shown in Fig. 5.9. A 

general trend observed for both catalysts is that temperature will remarkably influ-

ence the reaction rate, higher temperature resulting in higher reaction rate. As seen, 

for mMn-100, when temperature was enhanced from 25 to 45 
o
C, the time for 100% 

phenol degradation decreased dramatically from 120 to 45 min. Meanwhile similar 

phenol degradation profiles were also observed for mMn-140. On the basis of this 

trend, it might be deduced that PMS activation process is endothermic: higher tem-

perature would shift the equilibrium to produce more reactive species and thus im-

prove the phenol degradation efficiency.  

All of these reaction profiles were then fitted with the first order kinetics, and the ki-

netic rate constants are presented in Table 5.2. The rate constants (K) at varying 

temperatures for mMn-100 were higher than those of mMn-140, which was in ac-

cordance with the degradation profiles in Fig. 5.9. By plotting the lnK against 1/T 

(inset of Fig. 5.9(A) and (B)) based on the Arrhenius equation, activation energies 

(Ea) of the catalytic reaction for mMn-100 and mMn-140 can be calculated as 41.7 

and 49.4 kJ/mol, respectively. And the lower activation energy of mMn-100 validated 

its higher catalytic activity than mMn-140. The lower activation energy of mMn-100 

might be due to the different crystal structure and preferential facet. When comparing 

with standard XRD patterns, it was found that mMn-100 had δ-phase with a main 

exposure of (001), while mMn-140 had α-phase with (110) as main facet. The dif-
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ferent crystal phase and facet will contribute to the lower activation energy and high-

er catalytic performance of mMn-100. 

Table 5.3 Comparison of activation energies of Mn-based catalysts. 

Catalyst Organics Ea (kJ/mol) Reference 

Mn3O4-rGO Orange II 49.5 (27) 

MnFe2O4 Orange II 31.7 (28) 

MnFe2O4-rGO Orange II 25.7 (28) 

Co3O4/MnO2 Phenol 20.3 (29) 

α-MnO2 nanowire Phenol 21.9 (30) 

ZnFe2O4/MnO2-100 Phenol 41.7 This study 

ZnFe2O4/MnO2-140 Phenol 49.4 This study 

To our best knowledge, no investigation has been reported on supported MnO2 or 

magnetic MnO2 hybrid structure for activation of PMS for phenol degradation. 

However, a few studies have been carried out using Mn-based catalysts for hetero-

geneous activation of PMS for organic removal. Table 5.3 presents the activation en-

ergies obtained from these investigations on PMS activation using the as-mentioned 

catalysts. It was found that magnetic MnO2 catalysts in this study had higher activa-

tion energies in phenol oxidation.  

The stability and recyclability of ZnFe2O4/MnO2 catalysts were also evaluated by 

successive three-run reusability tests (Fig. 5.10). The catalysts were treated by simple 

water washing without any further regeneration. A general trend for both catalysts is 

that catalytic activities decreased in recycled tests. As seen in the third run, for both 

catalysts, 20% of phenol still remained in solution at the end of each reaction, indi-

cating the deactivation of the catalysts. The decrease in catalytic activity might be 

attributed to the attachment of reaction intermediates on the catalyst surface, which 

thus deactivated the correspondent active sites. Due to the strong Van de Waals force, 

these intermediates cannot be fully removed by simple water washing. Recently, we 

have reported that deactivation induced by attachment of intermediates can be elimi-

nated by calcination at high temperature either in air or N2 atmosphere.(6, 31) 
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Fig. 5.10 Phenol degradation on mMn-100 and mMn-140 at different runs after re-

peated uses. (A) Phenol degradation on mMn-100 at different runs after repeated us-

es; (B) Phenol degradation on mMn-140 at different runs after repeated uses;  Reac-

tion conditions: [phenol]0 = 20 mg/L, catalyst loading= 0.2 g/L, Oxone loading = 2.0 

g/L, and T = 25 °C. 

5.3.3 Activation processes of PMS and mechanism of phenol degradation.  

Previous studies have reported that PMS can generate hydroxyl radicals (
•
OH) and 

sulfate radicals (SO4
•-
) by either homogeneous or heterogeneous activation for phe-
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nol degradation. (32, 33) Peroxymonosulfate radicals (SO5
•-
) might be also formed, 

but would not contribute to phenol degradation due to the low redox potential. (34) 

In order to detect the reactive species generated during the PMS activation process, 

electron paramagnetic resonance (EPR) tests with DMPO as the spin trapping agent 

were conducted.  
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Fig. 5.11 EPR spectra in various conditions. (A) Reactive radicals dependent on ac-

tivation time over mMn-100, (B) Reactive radicals dependent on activation time over 

mMn-140, (C) Comparison of sulfate radicals on mMn-100 and mMn-140. Center-

field: 3517 G; sweep width: 100 G; microwave frequency: 9.87 GHz; modulation 

frequency: 100 GHz; and power: 18.11 mW. Reaction conditions: [phenol]0 = 20 

mg/L, catalyst loading= 0.2 g/L, Oxone loading = 2.0 g/L, pH = 7.0, DMPO = 0.08 

M.    : DMPO-HO•;     : DMPO-SO4
•-
 

Control experiments were conducted to investigate PMS self-activation without the 

presence of catalysts. As seen in Fig. 5.12, when 2 g/L PMS solution was tested 

without addition of phenol, characteristic signals of 

5,5-dimethylpyrroline-(2)-oxyl-(1) (DMPOX), the nitroxide radical of DMPO, were 

observed. (35) The occurrence of DMPOX signals can be ascribed to the immense 

amount of hydroxyl radicals produced by strong hydrolysis process of HSO5
-
, which 

directly oxidized DMPO to DMPOX without the presence of phenol.(36) The rele-

vant hydrolysis reactions of HSO5
-
 are shown in Eqs. 5.4 and 5.5.  

HSO5
-
 + H2O ↔ H2O2 + HSO4

-
             Eq. 5.4 

H2O2 → 
•
OH + 

•
OH                 Eq. 5.5 
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Figure 5.12 EPR spectra atn various conditions. Centerfield: 3517 G; sweep width: 

100 G; microwave frequency: 9.87 GHz; modulation frequency: 100 GHz; and pow-

er: 18.11 mW. Reaction conditions: [phenol]0 = 20 mg/L, catalyst loading= 0.2 g/L, 

Oxone loading = 2.0 g/L, pH = 7.0, DMPO = 0.08 M.   : DMPOX;  : DMPO-HO
•
. 

When 20 ppm of phenol was added in solution without any catalyst, it could be ob-

served that characteristic peaks of DMPO-HO• adducts having the intensity ratio of 1: 

2: 2: 1 (with hyperfine splitting constants of aN = aH = 14.9 G) were presented, indi-

cating that hydroxyl radicals were produced with the presence of phenol. (37) The 

absence of DMPOX peaks revealed that hydroxyl radicals prefer to react with phenol 

rather than DMPO.(38) 

Fig. 5.11 (A) and (B) display EPR spectra of reactive radicals generated during the 

catalytic oxidation on ZnFe2O4/MnO2 with PMS (2 g/L) for phenol (20 mg/L) deg-

radation. As seen, EPR spectra for both catalysts show the identical trend. Within the 

overall activation and oxidation processes, both 
•
OH and SO4

-•
 were produced 

through the identification of signals of DMPO-HO
•
 and DMPO-SO4

-•
 adducts, re-

spectively. At the beginning of the reaction (1 min), only hydroxyl radicals were 

produced by identification of DMPO-HO
•
 adducts, which was similar to that of PMS 

reacting with phenol solution without the presence of catalysts. This similarity indi-

cates that at the very initial stage of the reaction, the peroxymonosulfate anions 
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(HSO5
-
) were not fully bonded with the active sites on the catalyst surface to be acti-

vated to generate sulfate radicals. 

When reaction time was prolonged to 5 min, besides the presence of signals of 

DMPO-HO
•
 adducts, signals of DMPO-SO4

•-
 adducts (with hyperfine splitting con-

stants of aN = 13.2 G, aH = 9.6 G, aH = 1.48 G and aH = 0.78 G) (37) were also de-

tected, suggesting that HSO5
-
 had been activated to produce sulfate radicals at this 

reaction stage. In addition, the appearance of SO4
•-
 led to the decrease of DMPO-HO

•
 

signal intensity, which indicates that, in the presence of catalysts, hydroxyl radicals 

could induce the generation of sulfate radicals. When reaction time was further ex-

tended to 10 min, the signal intensity of DMPO-SO4
•-
 adducts increased, indicating 

more sulfate radicals had been produced compared with the reaction at 5 min. How-

ever, at 30 min, little or no intensities of DMPO-SO4
•-
 adducts could be detected, 

suggesting the depletion of sulfate radicals by the rapid reaction, and only signals of 

DMPO-HO
•
 adducts remained, which was again similar to the initial condition. On 

the basis of this appearance/disappearance cycle of sulfate radicals and the phenol 

degradation profiles shown in Fig. 5, it can be deduced that sulfate radicals are more 

active than hydroxyl radicals in phenol degradation process and are responsible for 

phenol degradation. 

Fig. 5.11 (C) shows the evolution of the peak intensities of DMPO-SO4
•-
 adducts de-

pendence on time over both ZnFe2O4/MnO2 catalysts. As shown clearly, the peak in-

tensities for DMPO-SO4
•-
 adducts displayed a cycle-like trend. Moreover, the 

DMPO-SO4
•-
 peak intensities for mMn-100 were generally higher than those of 

mMn-140, suggesting that amount of sulfate radicals produced by mMn-100 were 

greater than those of mMn-140 and thus mMn-100 showed a higher catalytic activity. 

This observation was not only in accordance with the phenol degradation (shown in 

Fig. 5.5), but also further confirmed the importance of sulfate radicals in phenol 

degradation.    

To further investigate the major reactive radical species responsible for phenol deg-

radation, competitive radical tests using ethanol (EtOH) and tert-butyl alcohol (TBA) 

as quenching agents were also carried out. Researches have shown that both EtOH 
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and TBA could sufficiently quench 
•
OH and the reaction rates are nearly diffusion 

controlled at 1.2×10
9
 – 2.8×10

9
 and 3.8×10

8
 – 7.6×10

8
 M

-1 
s

-1
, respectively. (39) 

While SO4
•-
 is selective to be quenched more rapidly by EtOH with α-hydrogen than 

TBA without α-hydrogen (1.6×10
7
 – 7.7×10

7
 M

-1
s

-1
 vs. 4.0×10

5
 – 9.1×10

5
 M

-1
s

-1
). 

(34, 39) Therefore, by addition of EtOH or TBA into reaction solution, the responsi-

ble radical species for phenol degradation could be well differentiated. 
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Figure. 5.13 Changes of reaction rate (k) of ZnFe2O4/MnO2 catalysts with and with-

out quenching agents of EtOH (0.2M) and TBA (0.2M). Reaction conditions: [phe-

nol]0 = 20 mg/L, catalyst loading= 0.2 g/L, Oxone loading = 2.0 g/L, and T = 25 °C. 

Fig. 5.13 shows the changes of phenol degradation in form of reaction rate constant k. 

Both ZnFe2O4/MnO2 catalysts shared a similar trend; when 0.2 M EtOH was added 

in the original reaction solution, remarkable decrease in reaction rate was observed, 

suggesting that part of the hydroxyl and sulfate radicals were quenched. However, by 

addition of 0.2 M TBA, negligible decrease occurred to the reaction rate, indicating 

that, with the quenching of hydroxyl radicals, sulfate radicals could still provide the 

similar reaction rate. Therefore, the more remarkable decrease of reaction rate caused 

by EtOH than TBA suggested that the major reactive species dominating phenol 

degradation were sulfate radicals. 
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Based on the results of both competitive radical tests and EPR investigations, the 

mechanism of PMS activation on ZnFe2O4/MnO2 for phenol degradation can be 

proposed as follows. 

HSO5
-  → 

SO4
2-

 + 
•
OH            Eq. 5.6 

•
OH + Mn(IV) → Mn (IV)- 

•
OH          Eq. 5.7 

Mn (IV)- 
•
OH + HSO5

-
 → Mn (IV)- 

•
OHOSO3 + OH

-
              Eq. 5.8 

Mn (IV)- 
•
OHOSO3 →Mn (III) +  

•
OH + SO4

•-
         Eq. 5.9 

Mn(III) + HSO5
- 
→ Mn(IV) + SO5

•-
 + H

+
                       Eq. 5.10 

2SO5
•-
 + 2OH

-
 → 2SO4

2-
 + 2

•
OH + O2                Eq. 5.11 

•
OH + SO4

•-
 + C6H5OH → several steps → CO2 + H2O + SO4

2-      
Eq. 5.12 

In the first stage, hydrolysis of HSO5
-
 happened to produce hydroxyl radicals (Eq. 

5.6). Then some of the hydroxyl radicals attached on the active sites of MnO2 based 

catalysts (Eq. 5.7). The Mn(IV) sites with hydroxyl radicals would induce HSO5
-
 to 

produce Mn (IV)- 
•
OHOSO3 and then subsequently to generate sulfate radicals which 

are dominant for phenol degradation. Meanwhile, some of the attached hydroxyl 

radicals would also detach (Eqs. 5.8 and 5.9). The produced sulfate radicals and the 

detached hydroxyl radicals would react with phenol at different reaction rates (Eq. 

5.12). After the depletion of sulfate radicals, hydroxyl radicals would become the 

only reactive species for phenol degradation though at an inferior reaction rate. In the 

meantime, the recovery reaction for the catalyst resulted in the production of the 

original catalyst as well as further generation of hydroxyl radicals (Eqs. 5.10) and 

5.11). On the basis of the comprehensive investigations, it was suggested that the or-

der of sulfate radicals’ generation reflects the order of the reaction rates in phenol 

degradation on the ZnFe2O4/MnO2 catalysts. 
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5.4 Conclusions 

3-D magnetic ZnFe2O4/MnO2 hybrid catalysts with two hierarchical nanostructures 

were synthesized by a hydrothermal method at varying temperatures. Their catalytic 

activities were investigated in terms of PMS activation for phenol degradation. It was 

found that ZnFe2O4/MnO2 with microsphere/nanosheet hierarchical structure pos-

sessed the higher BET surface area and thus the better catalytic activity than ur-

chin-like catalysts. A first order kinetic model was used to evaluate the kinetic pa-

rameters, and the activation energies for microsphere/nanosheet hierarchical structure 

and urchin-like structure were calculated to be 41.7 and 49.4 kJ/mol, respectively. 

Catalyst stability tests suggested that deactivation of the catalysts occurred due to the 

blockage of active sites by the reaction intermediates. The mechanism of catalytic 

reaction for activation of PMS was illustrated by competitive radical tests and EPR 

spectra. Sulfate radicals were the major reactive species taking effect in this catalytic 

reaction and the generation of sulfate radicals could be induced by hydroxyl radicals 

produced at the initial stage. 
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Chapter 6: A New Magnetic Nano Zero-valent Iron Encap-

sulated in Carbon Spheres for Oxidative Degradation of 

Phenol 

ABSTRACT 

Other than ZnFe2O4 as the magnetic core in the last chapter for feasible separation, in 

this chapter, a magnetic carbon encapsulated nano iron hybrid (nano Fe
0
/Fe3C@CS) 

was synthesized via a novel one-pot hydrothermal method followed by self-reduction 

in N2 atmosphere. The structural, morphological, and physicochemical properties of 

the samples were thoroughly investigated by X-ray diffraction (XRD), field emission 

scanning electron microscopy (FE-SEM), N2 sorption isotherms and thermogravi-

metric analysis−differential scanning calorimetry (TGA-DSC). Catalytic perfor-

mance of the as-synthesized nanoparticles was tested in activation of Oxone
®
 for 

phenol degradation in aqueous solutions. Superior catalytic performance was ob-

served by complete removal of 20 ppm phenol within 10 min. The formation of Fe3C 

was found to contribute to a better stability and magnetic separation of Fe
0
/Fe3C@CS 

in its repeated uses. Both electron paramagnetic resonance (EPR) and classic 

quenching tests were carried out to investigate the mechanism of radical generation 

and evolution in phenol oxidation. Different from Co- and Mn-based catalysts in 

generation of sulfate radicals, Fe
0
/Fe3C@CS selectively induced hydroxyl radicals 

for phenol degradation.  
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6.1 Introduction 

Due to low cost and strong redox potential, zero-valent iron (ZVI) has been widely 

applied for removal of a variety of pollutants such as chlorinated hydrocarbons, ni-

trobenzenes, chlorinated phenols, polychlorinated biphenyls (PCBs), heavy metals, 

and various anions.(1, 2) Compared with bulk ZVI, nanoscaled ZVI (nano-Fe
0
) 

shows a higher activity in reduction reactions due to its high specific surface area and 

surface reactivity.(3) However, nano-Fe
0
 suffers from poor air stability due to its high 

surface energy.(4, 5) To improve the stability, it was suggested that nano-Fe
0
 can be 

encapsulated into porous carbon spheres for enhancement of transportation and sus-

pension, without significantly sacrificing activity.(6) Another concern to nano-Fe
0
 

particles is that they favor strong aggregation due to their strong inter-particle di-

pole-dipole attraction and the high surface area to volume ratio.(7) Therefore, for a 

better distribution, various types of support materials have been employed, such as 

bentonite(8), activated carbon(9), alumina(10) and polystyrene resin(11), etc. In gen-

eral, borohydride salt was used in liquid-phase reduction methods for preparation of 

most of the supported nano-Fe
0
 composites.(8-10) Nevertheless, vacuum operation, 

N2 atmosphere, massive production of hydrogen and high cost of borohydride in the 

synthesis make such processes complex and cost-intensive.  

Recently, we discovered that nano-Fe
0
 encapsulated in microscaled carbon spheres 

(Fe
0
@CS)  can activate PMS to produce sulfate radicals for phenol degradation.(12) 

However, catalytic stability of the nanocomposites was below anticipation due to the 

rapid consumption of nano-Fe
0
 in acid condition. In this chapter, a novel magnetic 

carbon encapsulated nano Fe
0
/Fe3C was fabricated by an in situ hydrothermal car-

bonization of glucose with addition of melamine, followed by a self-reduction in N2 

atmosphere. Owing to the emerging phase of Fe3C, the as-synthesized Fe
0
/Fe3C@CS 

catalyst showed a much higher stability than reported Fe
0
@CS.(12) Electron para-

magnetic resonance (EPR) spectra suggested that hydroxyl radicals were selectively 
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produced during the heterogeneous PMS activation, indicating an alternative to ho-

mogeneous Fenton reaction. Moreover, the prepared catalysts showed both high ac-

tivity and magnetic separation efficiency in catalytic oxidation of phenol solutions. 

6.2 Experimental Sections 

6.2.1 Chemicals and materials 

Iron (II) chloride tetrahydrate (99.9%), iron (III) hexahydrate (99.9%) and melamine 

(99.8%) were purchased from Sigma Aldrich. D-glucose (99.9%) was obtained from 

Fluka. Ammonia solution (28%) was obtained from Ajax Finechem. High purity ni-

trogen gas (99.999%) was received from BOC. All other chemicals can be found in 

the previous chapters. And all chemicals were used as received without further puri-

fication. 

6.2.2 Synthesis of magnetic carbon encapsulated Fe
0
 

Magnetic Fe
0
/Fe3C@CS was synthesized via a modified hydrothermal method. In a 

typical synthesis, 2.52 g (0.02 mol) melamine and 7.24 g (0.02 mol) D-glucose were 

dissolved in 50 mL of ultrapure water. Then 5.41 g (0.02 mol) of FeCl3
.
6H2O and 

2.01 g (0.01 mol) of FeCl2
.
4H2O were dissolved in the D-glucose/melamine solution, 

followed by 1 h stirring. Under vigorous stirring, 28% ammonia solution was added 

dropwisely at a rate of 0.5 mL/min under nitrogen flow (40 mL/min) to make solu-

tion pH reach 10. The mixed solution was then transferred into a Teflon-lined auto-

clave (120 mL) and treated in an oven at 180 °C for 18 h. After naturally cooling to 

room temperature, the obtained black suspension was filtered and washed by etha-

nol/water for three cycles. The precipitate was dried in an oven at 80 °C and labelled 

as Fe
x
@CS. The dried samples were further annealed in N2 atmosphere in a tubular 

furnace at 350 °C, 550 °C and 750 °C for 4 h, respectively and then were accordingly 
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denoted as Fe
x
@CS-350, Fe

0
/Fe3C@CS and Fe

x
@CS-750. Nano-Fe0@CS was pre-

pared as a reference material according to our previous study(12).  

6.2.3 Characterization and catalytic oxidation tests 

The iron content and thermal stability of Fe
x
@CS were investigated using thermo-

gravimetric analysis-differential scanning calorimetry (TGA-DSC) in argon or air on 

a Mettler-Toledo Stare system. Argon/air flow rate was set to be 100 mL/min and the 

heating rate was 10 °C/min. X-ray photoelectron spectroscopy (XPS) was conducted 

on a Thermo Escalab 250 with Al-Kα X-ray to investigate the chemical states of el-

ements. A Shirley background was first subtracted followed by component fitting 

using Voigt functions with a 30% Lorentzian component.  

Other characterization details and phenol oxidation as well as mechanistic studies 

can be found in previous chapters.  

6.3 Results and Discussion 

6.3.1 Physicochemical properties of the materials 

Fig. 6.1 illustrates XRD patterns of the as-prepared nanocomposites. For Fe
x
@CS, 

cubic structured γ-Fe2O3 (JCPDS no. 39–1346) with lattice constants of 8.3248 Å 

was discerned by the observation of diffraction peaks at 31.1, 35.6, 43.1, 57.9 and 

62.5
o
.(13) These peaks are corresponding to the crystal planes of (2 2 0), (3 1 1), (4 0 

0), (4 2 2) and (4 4 0), respectively. Besides, the diffraction peak located at 27.3
o
 in-

dicated the formation of g-C3N4.(14) Since no obvious peak from graphite (ca. 2θ = 

26 
o
) was present, the produced carbon was suggested to be amorphous. For 

Fe
0
/Fe3C@CS, after thermal treatments under nitrogen, the diffraction peaks of 

γ-Fe2O3 became very weak, and the peak of g-C3N4 disappeared. Diffraction peaks 
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formed at around 45.1
o
 confirmed the formation of zero-valent iron and Fe3C.(15) 

According to the Scherrer’s formula, the average grain size of the zero-valent iron 

particles was calculated to be 26 nm. The changes observed in XRD patterns before 

and after calcination indicated that a solid-state pyrolysis process occurred and Fe2O3, 

carbon and g-C3N4 reacted with each other to form zero-valent iron and Fe3C com-

pound.(15) 

 Fe
0
/Fe

3
C@CS

      Fe0

      Fe
3
C

20 30 40 50 60 70 80

 

 

 

 Fe
x
@CS/g-C

3
N

4

     g-C
3
N

4

     Fe
2
O

3

 

In
te

n
s
it
y
 (

a
.u

.)

2 Theta (deg)
 

Figure 6.1 XRD patterns of Fe
x
@CS and Fe

0
/Fe3C@CS composites. 

Structure and morphology of the as-prepared samples were investigated by SEM 

images, as shown in Fig. 6.2. Before calcination (Fig. 6.2(A)), these nanoparticles 

were highly agglomerated due to the magnetic dipole interaction of γ-Fe2O3 nanopar-

ticles and the high surface energy caused by the nano-scaled size.(16) From the mag-

nification image (Fig. 6.2(B)), plate-like morphology with the average size of 50-100 

nm was observed, which could be assigned to the 2D structure of the graphitic car-

bon nitride (g-C3N4).(14) While the irregular obtrudes attached on the 2D plates 

could be ascribed to the carbonized glucose and the γ-Fe2O3 nanoparticles. After cal-

cination in nitrogen atmosphere (Fig. 6.2(C) and (D)), the 2D plate-like morphology 

disappeared and regular nanospheres were formed with a diameter around 20-30 nm, 
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which was in agreement with the result obtained from XRD pattern using the Scher-

rer’s formula. The transformation of the morphology suggested that most of the car-

bonized glucose and g-C3N4 had reacted with Fe2O3 to form zero-valent iron, show-

ing good accordance with the changes discovered in XRD patterns.   

 

Figure 6.2 SEM images of Fe
x
@CS (A) and (B), and Fe

0
/Fe3C@CS (C) and (D). 

N2 sorption isotherms and pore size distributions of the samples were evaluated 

through N2 adsorption/desorption (Fig. 6.3). Both samples presented a type IV iso-

therm with a type H3 hysteresis loop, suggesting a typical mesoporous structure in 

accordance with the classification of IUPAC.(17) As seen in Fig. 6.3 (A), Fe
x
@CS 

displayed a narrow hysteresis loop at a relative pressure P/P0 range of 0.85 to 0.99. 

However, the hysteresis loop on Fe
0
/Fe3C@CS was much broader, ranging from 0.45 

to 0.99, as shown in Fig. 6.3(B), indicating a more porous structure and thus a larger 

surface area and pore volume. The BET surface area of Fe
0
/Fe3C@CS was twice 
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greater than that of Fe
x
@CS (42.3 m

2
/g vs. 18.0 m

2
/g) and the pore volumes of the 

sample with/without calcination were 0.19 and 0.043 cm
3
/g, respectively. The vast 

difference in surface area or pore volume between the two samples might be owed to 

the calcination process which could produce porous structures. In terms of pore size 

distributions, Fe
x
@CS (Fig. 6.3(A)) displayed a bimodal pore size distribution, cen-

tered at 0.5 and 26 nm, respectively. While Fe
0
/Fe3C@CS showed a single modal 

pore size distribution concentrated at around 2.5 nm. 
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Figure 6.3 Nitrogen sorption isotherms and pore size distributions of the samples. (A) 

Fe
x
@CS and (B) Fe

0
/Fe3C@CS. 
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Fig. 6.4 displays TG-DSC profiles of Fe
x
@CS in argon and air. Fig. 6.4(A) shows the 

phase transformation of iron species under an argon atmosphere. As seen, three en-

dothermic peaks were observed at 387, 514 and 573 
o
C, respectively. The first endo-

thermic peak at 387 
o
C was attributed to the transformation of γ-Fe2O3 to Fe3O4, 

while the peak at 514 
o
C could be assigned to the reduction of Fe3O4 to Fe

0
.
 
(18) The 

third endothermic peak centering at 573 
o
C could be ascribed to the formation of 

Fe3C, which was also shown in the XRD result. Fig. 6.4(B) shows the combustion 

performance of Fe
x
@CS under air. Two exothermic peaks were found at 200 to 

380 °C which could be attributed to the decomposition and combustion of organic 

and amorphous carbons, respectively.(19) When temperature was elevated above 450 

o
C, weight loss was stabilized and was determined to be 43.0%, suggesting the com-

plete combustion of amorphous carbon and oxidation of iron.  
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Figure 6.4 TG-DSC profiles of Fe
x
@CS under (A) argon and (B) air. 

6.3.2 Catalytic oxidation of phenol 

To investigate the catalytic activities of the samples, control experiments were firstly 

carried out in terms of catalyst adsorption and PMS self-oxidation. Fig. 6.5 displays 

the adsorption and phenol degradation profiles on various samples. When PMS alone 

was added to the phenol solution, less than 10% phenol was degraded, revealing that 

PMS could not be effectively activated by ambient temperature. For adsorption tests, 

when the Fe
x
@CS and Fe

0
/Fe3C@CS samples were added to the phenol without the 

presence of PMS, insignificant phenol removal was observed on both samples,  in-

dicating that phenol removal by adsorption was negligible. For catalytic reactions, 

Fe
x
@CS was tested first for activation of PMS to produce reactive species to degrade 

phenol. As seen, around 20% phenol was degraded within 180 min. Our previous 

studies have showed that neither Fe3O4 nor Fe2O3 has notable catalytic activity in 

PMS activation.(12) While Fe
0
/Fe3C@CS provided a much fast catalytic activity, and 

100% removal of phenol was achieved within 10 min. In the meantime, 

nano-Fe0@CS prepared according to a previous study (12) was also tested for acti-

vation of PMS for phenol degradation. It was found that in the same condition, com-
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plete phenol removal was achieved within 30 min, revealing an inferior catalytic ac-

tivity than Fe
0
/Fe3C@CS synthesized in this study. These results strongly suggested 

that the nanoscaled ZVI had a superior catalytic activity and could activate PMS ef-

ficiently to produce reactive species for phenol degradation.  
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Figure 6.5 Phenol removals by adsorption and catalysis on Fe
x
@CS-350, 

Fe
0
/Fe3C@CS and Fe

x
@CS-750. Reaction conditions: [phenol]0 = 20 mg/L, catalyst 

loading = 0.1 g/L, Oxone
®
 loading = 2.0 g/L, and T = 25 °C. 
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Figure 6.6 XPS Fe 2p spectra of (A) Fe
x
@CS-350, (B) Fe0/Fe3C@CS, and (C) 

Fe
x
@CS-750. 

Fig. 6.5 displays the phenol removal induced by the prepared Fe
0
/Fe3C catalysts. As 

shown, these catalysts showed insignificant adsorption of only less than 5% removal 

within 60 min. For catalytic oxidation, Fe
x
@CS-350 was able to degrade around 30% 

phenol in 60 min. However, for both Fe
0
/Fe3C@CS and Fe

x
@CS-750, complete 

phenol degradation was achieved within 10 min. XPS Fe2p spectra of the three cata-

lysts were shown in Fig. 6.6. For Fe
x
@CS-350 (Fig. 6.6(A)), besides the characteris-

tic peaks of oxidized iron(III) (711 eV and 724 eV) (20, 21), a weak peak (707 eV) 

from elemental Fe was observed with the composition of 0.9 at.%.(22, 23) No Fe3C 

characteristic peak (720 eV) was observed.(23) Annealing at 350 
o
C might convert 
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iron(III) to FeOOH or Fe2O3 with trace of Fe
0
, phenol degradation might arise from 

the low catalytic activity of Fe2O3.(12) TG-DSC analysis suggested that when calci-

nation temperature was above 514 
o
C, iron oxides would be transformed to Fe

0
 by 

the reduction of carbon. Moreover, at this temperature Fe3C would gradually form. 

Fig. 6.6(B) shows the Fe 2p of XPS Fe
0
/Fe3C@CS. As seen, notable peaks at 707 eV 

and 720 eV for Fe
0
 and Fe3C respectively were presented, consistent with TG-DSC 

analysis. Fe
0
 and Fe3C were determined to be 20.4 at.% and 14.7 at.%, respectively. 

When annealing temperature was further elevated to 750 
o
C (Fig. 6.6(C)), the corre-

sponding XPS Fe 2p spectrum was similar to that of Fe
0
/Fe3C@CS, so were Fe

0
 and 

Fe3C levels. The increase of Fe
0
/Fe3C ratio from 1.22 to 1.50 might be ascribed to 

the reduction of Fe2O3 to Fe
0
 at a higher annealing temperature. Due to the high Fe

0
 

composition, efficient phenol degradation was shown for both of these catalysts. 
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Figure 6.7 Phenol removals in various conditions. Reaction conditions: [phenol]0 = 

20 mg/L, catalyst loading = 0.2 g/L, Oxone loading = 2.0 g/L, Temperature: 25 
o
C. 

To evaluate the effect of reaction conditions on catalytic phenol degradation, further 

studies were carried out by varying initial phenol concentration using Fe
0
/Fe3C@CS. 

Fig. 6.7 shows the effect of the initial phenol concentration on its catalytic degrada-

tion efficiency. A general trend can be observed that with increased initial phenol 
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concentration, the time for 100% phenol degradation became longer. When the initial 

phenol concentration was increased from 20 to 40 and 60 ppm, 100% phenol degra-

dation would require reaction duration at 10, 15 and 20 min, respectively. 
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Figure 6.8 Effect of phenol concentration on phenol degradation using 

Fe
0
/Fe3C@CS. Reaction conditions: catalyst loading = 0.1 g/L, Oxone loading = 2.0 

g/L, temperature: 25 
o
C. 

For reaction kinetic studies, a first order kinetic model (Eq.6.1) was employed to 

evaluate the catalytic reaction kinetics. 

𝑙𝑛 (
𝐶

𝐶0
) = −𝑘𝑡                              Eq. 6.1 

Where, C is the concentration of phenol at time (t) and C0 is the initial phenol con-

centration. K is the first-order reaction rate constant. The inset of Fig. 6.8 shows that 

phenol degradation curves were well fitted by the first-order kinetics with high val-

ues of regressions coefficients. The reaction rate constants for the catalyst at three 

phenol concentrations were provided in Table 6.1. As seen, with the increase of the 

phenol concentration, the apparent rate constant (K) slightly decreased, indicating the 
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decrease of the phenol degradation efficiency. 

Table 6.1 Kinetic parameters of Fe
0
/Fe3C@CS in phenol degradation. 

Catalyst  Phenol concentration (ppm) K (min
-1

) R
2
 of K 

Fe
0
/Fe3C@CS  20  0.58 0.989 

 40 

60 

0.44 

0.31 

0.992 

0.997 

In the past few years, investigations have been carried out using ZVI for degradation 

of organic pollutants and most of the investigations have been using H2O2(24-26), 

dissolved oxygen(27) and persulfate(24, 28, 29) to initiate the reactivity of ZVI. Lee 

et al. studied the effects of nano-ZVI/H2O2 systems on conversion of methanol to 

HCHO using H2O2 as the oxidant.(30) They found that with the addition of 1 mM 

polyxoxmetalate (POM), 100 mM of methanol could be fully converted to HCHO 

within 180 min. Liang and Guo investigated oxidative and reductive pathways of 

ZVI catalysts in activating persulfate to degrade naphthalene.(28) They found that 10 

ppm of naphthalene could be rapidly degraded by the ZVI activated persulfate within 

120 min and sequential doses of small quantities of ZVI enhanced the naphthalene 

degradation efficiency. Recently, Sun et al. investigated ZVI activated peroxymono-

sulfate (PMS) for phenol degradation and a superior catalytic activity of nanoscaled 

ZVI was observed compared with commercial ZVI and other metal catalysts.(12) 

This study presented similar reaction kinetics as the above. 

Fig. 6.9 displays phenol degradation profiles on Fe
0
/Fe3C@CS at varying tempera-

tures. At elevated temperature, the phenol degradation rate was enhanced. The time 

for complete phenol degradation at 15, 25, and 35 
o
C was 60, 30 and 10 min, respec-

tively. This trend implied the endothermic nature of the PMS activation process: 

higher temperature would stimulate PMS to generate reactive species more quickly 

for phenol degradation. Based on the first-order kinetics, reaction rate constants at 
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varying temperatures were determined and the correlation between the rate constants 

and reaction temperature was fitted well by the Arrhenius equation with a high re-

gression coefficient, which is shown in the inset figure. The activation energy was 

then obtained to be 16.3 kJ/mol. 
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Figure 6.9 Effect of reaction temperature on phenol degradation and estimation of 

activation energy. Reaction conditions: [phenol]0 = 20 mg/L, catalyst loading = 0.1 

g/L, Oxone
®
 loading = 2.0 g/L. 

 

Figure 6.10 Photographs of the separation and dispersion processes for fresh 

Fe
0
/Fe3C@CS. (A) without external magnetic field, (B) without external magnetic 

field 10 min (C) with external magnetic field. 

 



173 
 

Fig. 6.10 shows photographs of Fe
0
/Fe3C@CS dispersion in water and its response 

under an external magnetic field. It was found that Fe
0
/Fe3C@CS could be well dis-

persed in water to form a stable black suspension after sonication for 1 min (Fig. 

6.10(A)) and that the black suspension remained stable after 10 min (Fig. 6.10(B)). 

When a magnet approached, the catalyst accumulated quickly to the side wall near 

the magnet. And the solution became clear within 1 min (Fig. 6.10(C)). After the 

magnet was removed and as-mentioned sonication procedure was repeated, the 

Fe
0
/Fe3C@CS sample was re-dispersed in water and formed the stable suspension 

again. Therefore, attraction and dispersion processes could be altered by an external 

magnetic field, and the as-synthesized Fe
0
/Fe3C@CS demonstrated excellent water 

dispersion and magnetic separation for effective solid-solution separation. 

6.3.3 Mechanism of enhanced reusability 
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Figure 6.11 Phenol degradation on Fe
0
/Fe3C@CS at different runs for repeated uses. 

Reaction conditions: [phenol]0 = 20 mg/L, catalyst loading= 0.2 g/L, Oxone
®
 loading 

= 2.0 g/L, and T = 25 °C. 

The stability and recyclability of Fe
0
/Fe3C@CS were investigated by successive re-

usability tests (Fig. 6.11). The catalysts were regenerated by filtration followed by 
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water washing without any further treatment. In the reusability tests, the phenol deg-

radation profile in the second run almost overlapped the first run indicating an excel-

lent reusability. However, in the subsequent runs, the as-synthesized Fe
0
/Fe3C@CS 

catalyst seemed to deactivate. For the third run, complete phenol removal occurred at 

120 min which was much longer than the first and second runs. And for the 4
th
 and 

5
th
 runs, around 30% and 50% phenol residue remained in solutions in 180 min. Alt-

hough deactivation occurred, the as-prepared catalyst still displayed notable catalytic 

activity even in the 5
th
 run. The stability was much higher than nano-Fe

0
 encapsulat-

ed in microcarbon spheres in the recent study, (12) where the nano-Fe
0
@CS catalyst 

showed an inferior stability and deactivated dramatically from the second run. Com-

pared with the nano-Fe
0
@CS in our previous study (12), the Fe

0
/Fe3C@CS in this 

study presented significantly improved catalytic stability and reusability.  

In order to probe the causes of deactivation, the catalyst from each test was collected 

and XRD analysis was then carried out. XRD patterns of Fe
0
/Fe3C@CS after each 

run are shown in Fig. 6.12. As seen, compared with the fresh sample, diffraction 

peaks of γ-Fe2O3 (JCPDS card 39–1346) appeared, suggesting that some of the Fe
0
 

has been oxidized to Fe(III). Moreover, the peak intensity of Fe3C also decreased on 

recycled catalyst from the 1
st
 run, suggesting that besides Fe

0
 was oxidized, some 

Fe3C was also consumed during the catalytic reaction. However, unlike the Fe
0
 after 

reaction with PMS,(12) Fe3C appeared to exist even after the fourth run. The stable 

Fe3C phase might enable to maintain catalytic activity in the 5
th
 run, as indicated in 

Fig. 6.12.  
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Figure 6.12 XRD patterns of Fe
0
/Fe3C@CS after each run. 

In order to further evaluate the changes on catalyst surface after uses and the deacti-

vation mechanism, XPS study was carried out. XPS data of the fresh and the catalyst 

after the 4
th
 use are provided in Fig.6.13. For XPS spectra of the fresh catalyst in the 

Fe 2p region (Fig. 6.13(A)), four characteristic peaks were identified. Binding ener-

gies of Fe 2p1/2 (ca. 724 eV) and Fe 2p3/2 (ca. 711 eV) were identified, referring to 

oxidized iron [Fe(III)].(20, 21) The peaks at ca. 720 and 707 eV indicated the pres-

ence of the iron carbide (Fe3C) and elemental iron (Fe
0
) on the catalyst surface, re-

spectively (22, 23), which is in accordance with XRD analysis in Fig. 6.12.  

The XPS O 1s (Fig. 6.13(B)) can be fitted into three components. The peak at ca. 

529.9 eV was in agreement with the binding energy of O
2-

, while the other peaks at 

ca. 531.2 and 534.5 eV could be indexed to OH
–
 and chemically/physically ad-

sorbed water, respectively. The oxygen species were similar to those on the surface 

of iron oxides in water.(23) The presence of the oxidized iron suggests that nano ZVI 

(Fe
0
) is extremely prone to being oxidized to Fe(III) even on the fresh catalyst. 
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Figure 6.13 XPS spectra of fresh/used catalysts. (A) XPS spectrum of Fe 2p region 

for fresh catalyst; (B) XPS spectrum of O 1s region for fresh catalyst; (C) XPS spec-

trum of Fe 2p region for the 4
th
 used catalyst; (D) XPS spectrum of C 1s region for 

the 4
th
 used catalyst. 

For the catalyst obtained after the 4
th
 use, XPS spectra were quite different. For XPS 

in Fe 2p region (Fig. 6.13(C)), the photoelectron peak of metal iron (ca. 707 eV) 

disappeared. Only two main photoelectron peaks were identified at ca. 724 and 711 

eV, which can be ascribed to the oxidized Fe(III). While the peaks at 719 eV repre-

sents the binding energies of shake-up satellite Fe 2p3/2(20). The disappearance of 

metal iron suggests that most of the Fe
0
 on surface of the catalyst has been oxidized 

to Fe(III) during the catalytic reaction with PMS. The C1s spectrum of the used cat-

alyst was also fitted with three components (Fig. 6.13(D)). The peak centered at ca. 

283.6 eV confirmed the presence of Fe3C, (31) while the other two peaks centered at 

282.8 and 285.4 eV corresponded to the SiC and sp
3
-bonded carbon. The appearance 

of SiC might be resulted from the contamination brought by the calcination process. 
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The integrated areas of these three peaks correspond to Fe3C, SiC, and sp
3
-C contents 

were 65.6%, 24.4% and 11.5%, respectively, suggested that most of the carbon was 

in the form of iron carbide.  

 

Figure 6.14 Photographs of the separation and dispersion processes for 

Fe
0
/Fe3C@CS after the 4

th
 use. (A) without external magnetic field, (B) with external 

magnetic field. 

Based on XPS studies as well as XRD analysis, it can be concluded that, after cata-

lytic reaction with PMS, most of surface elemental iron (Fe
0
) was consumed and 

converted into γ-Fe2O3. However, iron carbide (Fe3C) still remained, suggesting that 

the Fe3C has a better stability than Fe
0
 in catalytic reaction. Moreover, as shown in 

Fig. 6.14, the recycled catalyst after the 4
th
 use still displayed similar magnetic be-

havior to the fresh sample, and the solution became clear within 1 min when ap-

proaching an external magnet. For the stability, in the first two runs, both Fe
0
 and 

Fe3C took part in catalytic reaction and the high reaction rate could be ascribed to the 

high catalytic activity of Fe
0
. With the repeating times increase and depletion of 

the surface Fe0, reaction rates of phenol degradation decreased. At the 4th and 

5th runs, the main component contributing to catalytic reaction was iron carbide, 

because of the corrosion of Fe0 (from XPS spectra) and the low catalytic activity 

for Fe2O3 in PMS activation.(12) In the catalysis processes, at first corrosion will 

simultaneously occur with Fe0 activation of PMS, while Fe3C might act like metal 
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oxide as a stable catalyst for a better stability. This is the first observation of Fe3C 

catalysis catalytic oxidation of organic pollutants. Though the insightful mecha-

nism has been still not very clear yet, it can be still concluded that with introduc-

tion of melamine to the synthesis, Fe3C was formed together with Fe
0
 to improve 

both activity and stability in phenol oxidation.  

6.3.4 Mechanism of PMS activation and phenol degradation  

Previous investigations have shown that homogeneous or heterogeneous activation of 

PMS could produce both hydroxyl radicals (•OH) and sulfate radicals (SO4
•–

).(32, 33) 

In order to investigate the generation processes of reactive species on Fe
0
/Fe3C@CS 

activating PMS and the dominant species for phenol degradation, both EPR tests 

with DMPO as the spin trapping agent and the classical quenching tests were per-

formed. 
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Figure 6.15 EPR spectra in various conditions. Centerfield: 3512 G; Sweep width: 

100 G; Microwave frequency: 9.87 GHz; Modulation frequency: 100 GHz; and 

Power: 18.11 mW. Reaction condition: Phenol = 20 ppm; Catalyst loading= 0.1 g/L; 

PMS loading = 6.5 mM, pH = 7.0; DMPO = 0.08 M.   : DMPO-
•
OH;   : 

DMPO-SO4
•–

 

Our previous study showed that no peaks were identified when 6.5 mM PMS solu-

tion was tested without addition of DMPO or phenol solution, revealing that no elec-

tron spins could be captured without addition of spin-trapping agent.(34) With the 

addition of 20 ppm of phenol and 0.08 M of DMPO to PMS solution, characteristic 

signals of 5,5-dimethylpyrroline-(2) -oxyl-(1) (DMPOX) were identified, indicating 

that due to strong hydrolysis process of PMS, DMPO was directly oxidized to 

DMPOX.(34, 35) When Fe
0
/Fe3C@CS was added together with PMS (6.5 mM), 

DMPO (0.08 M) and phenol (20 ppm), both hydroxyl and sulfate radicals appeared 

by identification of the characteristic signals of DMPO-HO• and DMPO-SO4
–
 

•
 ad-

ducts, respectively.  

Fig. 6.15 shows EPR spectra of reaction solution are dependent on reaction time. 

Within the first minute of the catalytic reaction, characteristic peaks of DMPO-HO• 
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adducts (with hyperfine splitting constants of aN = aH = 14.9 G) and DMPO-SO4
•–

 

adducts (with hyperfine splitting constants of aN = 13.2 G, aH = 9.6 G, aH = 1.48 G 

and aH = 0.78 G) were observed, revealing both hydroxyl and sulfate radicals were 

generated at the very initial stage of the catalytic reaction.(36) However, the peak 

intensity of DMPO-SO4
•–

 adducts was much weaker compared with that of 

DMPO-HO• adducts, indicating that concentration of sulfate radicals was much low-

er than that of hydroxyl radicals. When reaction time was prolonged to 4 min, the 

intensity of the DMPO-SO4
•–

 adducts signal peak decreased. The decrease of the 

peak intensity indicated that the radicals generated by PMS activation have been 

quickly consumed by reacting with phenol. However, when reaction time was ex-

tended to 9 min or longer (Fig. 6.15(B)), the peak intensity for DMPO-HO• increased 

to higher values, suggesting that excessive hydroxyl radicals have been generated. 

While the peak intensity of DMPO-SO4
•–

 remained roughly the same as the initial.  

Fig. 6.16 shows relationship between phenol removal profile and evolution of the 

DMPO-
•
OH /DMPO-SO4

•–
 adduct peak intensities with time for Fe

0
/Fe3C@CS cat-

alyst. As seen, the relative intensity of hydroxyl radicals was much higher than that 

of sulfate radicals, while the unremarkable fluctuation in peak intensity of sulfate 

radicals happened during the catalytic reaction. These facts revealed that hydroxyl 

radicals were selectively produced during the PMS activation process. For variation 

of hydroxyl radicals, it reached the lowest point at 5 min, suggesting the fast con-

sumption of the radicals since they have been generated. After that, their concentra-

tion increased significantly. Combined the DMPO-
•
OH intensity variation with the 

phenol degradation profile, 80% of phenol degradation at the first 5 min could be 

accounted for the decreased hydroxyl radicals. 
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Figure 6.16 Phenol removal profile and intensity variations of DMPO-
•
OH and 

DMPO-SO4
•-
 during reaction on Fe

0
/Fe3C@CS. Reaction conditions: Phenol = 20 

mg/L; Catalyst loading= 0.1 g/L; PMS loading = 6.5 mM, pH = 7.0. 

Our previous study showed that, when 3D MnO2 was employed as the catalyst, both 

sulfate and hydroxyl radicals were generated during the PMS activation and the sul-

fate radicals dominated phenol oxidation process.(34) However, this study suggested 

that Fe metal-based catalysts could generate different radicals during PMS activation 

process for phenol oxidation. To further investigate the dominant radical species re-

sponsible for phenol degradation, classical quenching tests employing ethanol (EtOH) 

and tert-butyl alcohol (TBA) as quenching agents were carried out. It is well accept-

ed that SO4
•–

 is selective to be quenched more rapidly by a quenching agent with 

α-hydrogen and the reaction rates of SO4
•–

 with EtOH (with α-hydrogen) and TBA 

(without α-hydrogen) are 1.6×10
7
 – 7.7×10

7
  and 4.0×10

5
 – 9.1×10

5
 M

–1
s

–1
, respec-

tively.(37, 38) While both EtOH and TBA could sufficiently quench •OH with the 

rates of 1.2×10
9
 – 2.8×10

9
 and 3.8×10

8
 – 7.6×10

8
 M

–1
s

–1
, respectively. (37)  
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Figure 6.17 Changes of reaction rate (K) of catalysts with and without quenching 

agents of EtOH (0.2 M) and TBA (0.2 M). Reaction conditions: Phenol = 20 mg/L, 

catalyst loading = 0.1 g/L, Oxone loading = 6.5 mM, and T = 25 °C. 

Fig. 6.17 shows the change of reaction rate constant (K) in quenching tests. When 

0.2 M EtOH was added, the reaction rate reduced from 0.27 to 0.17 min
-1

, indicating 

that some portions of hydroxyl and sulfate radicals were quenched during the cata-

lytic reaction. When 0.2 M TBA was added to the original reaction solution, reaction 

rate decreased to around 0.15 min
-1

, which was roughly the same as that by addition 

of EtOH. By combination of the EPR spectra variation and the results of the classical 

quenching tests, it was concluded that hydroxyl radicals were selectively generated 

against sulfate radicals during the heterogeneous PMS activation process. Because 

solid PMS is facile for transportation and storage, then it could be used as an alter-

nate to hydrogen peroxide employed in homogenous Fenton reaction. Moreover, it 

was also deduced that hydroxyl radicals are dominating phenol degradation. And the 

mechanisms of PMS activation on Fe
0
/Fe3C@CS for phenol degradation can be pro-

posed as follows. 

Fe
0
 + HSO5

–
 → Fe(III) + SO4

2–
 + 

•
OH             Eq. 6.2 
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•
OH + C6H5OH → several steps → CO2 + H2O + SO4

2–
   Eq. 6.3 

In this study, Fe0/Fe3C based nano hybrids demonstrated efficient catalytic acti-

vation of PMS for organic pollutants degradation, in which Fe3C catalysis was 

discovered for the very first time. Besides decomposition of aqueous organic 

pollutants, Fe0/Fe3C based nanomaterials have been widely employed in reduc-

tion and adsorption of heavy metals. López et al., (39) prepared Fe/Fe3C ultra 

small particles and compared their capability for adsorption of Se(IV) with Fe3O4 

nanoparticles. They found that Fe/Fe3C NPs were superior to Fe3O4 NPs because 

of their ability in immobilization of Se(IV) rapidly and irreversibly via reductive 

mechanism. Wang et al. (40) prepared Fe/Fe3C@porous carbon sheets via bio-

mass and used them for simultaneous reduction and adsorption of uranium (VI) 

for aqueous solution. It can be expected that such Fe0/Fe3C hybrids in this study 

can be employed to removal of both organic pollutants and toxic heavy metals in 

water. 

6.4 Conclusions 

Fe
0
/Fe3C@CS nanocomposites were synthesized via a modified hydrothermal meth-

od followed by self-reduction under heated nitrogen atmosphere. The addition of 

melamine appeared to enable the formation of an additional phase of Fe3C along with 

Fe
0
. The novel ZVI-based nanocomposites showed a superior catalytic activity in 

activation of PMS for phenol degradation. The kinetic studies suggested that, in the 

heterogeneous systems, catalytic oxidation of phenol followed first order kinetics and 

the apparent activation energy was 16.3 kJ/mol. Moreover, Fe3C catalysis for PMS 

activation was observed for the first time though detailed catalysis mechanism is still 

not very clear at current stage. The catalyst deactivation mechanism was also inves-

tigated and it was found that Fe3C has a better catalytic stability than Fe
0
 in catalytic 

reaction. Magnetic separation was also remained even after five runs. The combina-

http://pubs.acs.org/action/doSearch?ContribStored=L%C3%B3pez+de+Arroyabe+Loyo%2C+R
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tion of EPR analysis and quenching tests showed that hydroxyl radicals were gener-

ated selectively against sulfate radicals within the PMS activation process and thus 

responsible for phenol oxidation. This study provided a feasible approach for remov-

al of organic pollutants by magnetically separable catalysts via advanced material 

design. 
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Chapter 7: Magnetic Fe3O4/carbon sphere/cobalt composites 

for catalytic oxidation of phenol solutions with sulfate radi-

cals 

ABSTRACT 

In the last two chapters, magnetic cores of ZnFe2O4 and ZVI were discussed. In this 

chapter, magnetic carbon nanospheres (Fe3O4/CS core/shell) and their supported 

Co3O4 nanoparticles were synthesized using a novel one-step hydrothermal method 

followed by heat treatment. The nanocomposites were characterized by powder 

X-ray diffraction (XRD), field emission scanning electron microscopy (FESEM), 

energy-dispersive X-ray spectroscopy (EDS), Fourier transform infrared spectrosco-

py (FT-IR), thermogravimetric analysis (TGA), and N2 sorption isotherms. The cata-

lytic properties of the nanocomposites in activating Oxone
®
 for oxidation of phenol 

solution were investigated. Fe3O4/CS supported Co3O4 nanoparticles exhibited high 

activity in Oxone
®
 activation for phenol degradation with 100% conversion within 

30 min. Phenol degradation was found to follow the first order kinetics. The nano-

particles also displayed good water dispersion and magnetic separation under the 

magnetic field. The deactivation of catalysts was investigated and their regeneration 

was also proposed. 
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7.1 Introduction 

Cobalt/PMS is very efficient for catalytic degradation of organic pollutants. Although 

cobalt ion leaching can be minimized in heterogeneous forms, if not well recovered, 

the nanosized catalysts would still bring up secondary contamination to the environ-

ment. A promising strategy for resolving the problem is recovery of nanosized cata-

lysts by magnetic separation. Over the past decades, magnetite (Fe3O4) nanoparticles 

(NPs) as separating magnetic materials have attracted great attention due to their bi-

ocompatibility and remarkable magnetic properties as well as unique size- and mor-

phology-dependent physical and chemical properties (1-4). However, due to the sig-

nificant aggregation from their strong inter-particle dipole-dipole attraction and high 

surface area to volume ratio, pure Fe3O4 NPs may not be very useful in technological 

applications (5). Yao et al. (6, 7) had applied graphene as a barrier material to prepare 

magnetic adsorbents or catalysts. Recently, core/shell magnetic carbon nanospheres 

have attracted intense attention owing to their unique magnetic response, low cyto-

toxicity and highly functionable surface (8, 9). 

In this chapter, we present a novel synthesis of core/shell magnetic carbon nano-

spheres (MCS), Fe3O4/CS, by a one-pot hydrothermal method. After that cobalt ox-

ide is supported onto these MCS by an impregnation method followed by heat treat-

ment. The prepared catalysts showed both high activity and magnetic separation per-

formance in oxidation of phenol solutions. 

7.2 Experimental Sections 

7.2.1 Materials 

All chemicals used can be found in the previous chapters 
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7.2.2 Synthesis of magnetic carbon nanospheres (MCS) 

Magnetic carbon nanospheres were synthesized via a modified hydrothermal method. 

Scheme 1 shows the procedure of MCS formation and the following cobalt impreg-

nation. In a typical synthesis, 0.04 mol D-glucose was dissolved in 50 mL of ul-

trapure water. Then 0.02 mol FeCl3
.
6H2O and 0.01 mol FeCl2

.
4H2O were dissolved 

in the D-glucose solution, followed by 1 h stirring. With stirring, 28% ammonia solu-

tion was added dropwisely at a rate of 0.5 mL/min with nitrogen bubbling (40 

mL/min) to make solution pH 10 for synthesis of magnetite Fe3O4 nanoparticles. The 

mixed solution was then transferred into a Teflon-lined autoclave (120 mL) and 

treated in an oven at 180 °C for 18 h. After naturally cooling down to room tempera-

ture, the obtained black suspension was filtered and washed by ethanol/water for 

three cycles. The precipitate was dried in an oven at 80 °C, and the obtained sample 

was labelled as MCS. 

 

Scheme 7.1 Preparation procedure of Co/MCS. 

7.2.3 Synthesis of Co/MCS catalysts. 

Magnetic carbon nanospheres supported cobalt oxides (Co/MCS) were synthesized 

by an impregnation method followed by heat treatment. First, 1.0 g of MCS and 0.39 

g of cobalt (II) nitrate hexahydrate (99%) were mixed in 50 mL of ethanol (99.8%) 

and the mixed solution was stirred for 30 min. Then solution temperature was in-

creased to 50 
o
C to evaporate ethanol whilst stirring. The dried mixture was then put 

into a muffle furnace for calcination at 300 
o
C for 1 h in air at a heating rate of 5 
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o
C/min. The sample was then washed by ethanol once and by ultrapure water for 

three times. After drying in an oven at 80 
o
C overnight, the samples were denoted as 

Co/MCS-300.  

7.2.4 Characterization of materials 

Characterization details and phenol oxidation as well as mechanistic studies can be 

found in previous chapters.  

7.2.6 Regeneration methods 

The spent catalysts of Co/MCS were regenerated by three different methods and their 

effects were tested respectively. (a) Ultrapure water wash: the collected spent catalyst 

was washed with ultrapure water three times and collected with magnetic field for 

each time. Then the washed catalyst was dried in oven with 80 
o
C overnight before 

next use. (b) Sonication: the collected spent catalyst was first dispersed in 50 mL of 

ultrapure water followed by ultrasonication for 30min. The sonicated spent catalyst 

was washed by ultrapure water for three times and collected with magnetic field. 

Then the washed catalyst was dried in oven with 80 
o
C overnight before next use. (c) 

Annealing in air: the dried spent catalyst was placed in into a muffle furnace for an-

nealing at 300 
o
C for 1 h in air at a heating rate of 5 

o
C/min. The annealed catalyst 

was then washed by ultrapure water for three times and collected with magnetic field. 

Before next use, the washed catalyst was dried in oven with 80 
o
C overnight. 

7.3 Results and Discussion 

7.3.1 Characterization of the composites 

The crystalline structures of the prepared materials were evaluated by XRD, as 
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shown in Fig. 7.1. For MCS, diffraction peaks at 30.1
o
, 35.4

o
, 43.05

o
, 56.92

o
 and 

62.51
o
 were observed, corresponding to the crystal planes of Fe3O4 (2 2 0), (3 1 1), (4 

0 0), (4 2 2) and (4 4 0), respectively. The signals were consistent with the standard 

XRD data for the inverse spinal structure Fe3O4 with lattice constants of α = 8.397 Å  

(JCPDS no.65-3107)(10). The average grain size (D) of the Fe3O4 particles was cal-

culated as 20 nm using the Scherrer’s formula (11). Moreover, no obvious peak from 

graphite (ca. 2θ = 26
o
) is present, indicating that the produced carbon was amorphous. 

The same characteristic peaks for inverse spinal structure Fe3O4 were also observed 

on Co/MCS-300, confirming the stability of the crystalline phase of Fe3O4 NPs in the 

material maintaining as the crystalline structure of Fe3O4. Besides, a peak at 2θ 

=37.6
o
 was identified, which indicates the presence of Co3O4 (12). 
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Figure 7.1 XRD patterns of MCS and Co/MCS. 

Fig.7.2 displays N2 adsorption-desorption isotherms and the pore size distributions of 

MCS and the annealed Co/MCS catalyst. The isotherms in Fig. 7.2 (A) show that N2 

adsorption of Co/MCS is higher than MCS, due to the higher surface area and pore 

volume from annealing in air at 300 
o
C. The specific surface areas of MCS and 

Co/MCS were determined to be 37.4 and 95.4 m
2
/g, respectively. The surface area of 
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Co/MCS-300 is almost double of that of MCS and the pore volume is also higher, 

which confirmed the effect of annealing. The hysteresis loops in P/P0= 0.4-0.9 indi-

cated the mesoporous structure of the MCS and Co/MCS samples. 
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Figure 7.2 N2 sorption isotherms (A) and pore size distributions (B) of MCS and 

Co/MCS-300. 

Fig.7.2 (B) displays that both MCS and Co/MCS-300 present a single mode of pore 

size. The pore size of MCS is centered at 1.2 nm whereas the pore size of 

Co/MCS-300 is centered at 3.2 nm, which indicates that, after Co3O4 loading and 

calcination, the pore size became larger than original sample. Co/MCS-300 has a 
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narrower pore size distribution than the fresh MCS due to that calcination can also 

regulate the pore size by evaporation of organic substances from the carbonization of 

glucose. 

Morphology and structure of the synthesized materials were then investigated by 

FESEM images. Fig.7.3 (A)-(D) show FESEM images of MCS and Co/MCS nano-

particles. Fig.7.3 (A) and (B) show that the Fe3O4/CS core/shell nanoparticles had 

sphere-like morphology and the particle size varied between 20 and 30 nm. It was 

also shown that the nanoparticles aggregate due to the inter-molecular magnetic di-

polar interaction. Fig. 7.3(C) and (D) show the morphology of Co/MCS-300 nano-

particles. As seen, compared with fresh MCS, these particles are more porous and 

finer, which is also confirmed by BET and pore size distribution results. For Co par-

ticles, they are homogeneously distributed on MCS. Fig. 7.3 (E) displays the EDS 

plot for Co/MCS nanoparticles and the area that EDS was taken from. As illustrated, 

the composition of the Co/MCS composite was confirmed by the presence of only O, 

C, Co and Fe elements. The atomic contents of the Co/MCS were evaluated to 16.81, 

62.80, 17.19 and 3.20% for Fe, O, C and Co, respectively. The inset of Fig. 7.3 (E) 

also shows the Co mapping in the selected area of Co/MCS, confirming the homo-

geneous distribution of Co on the sample. 
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Figure 7.3 SEM images of MCS (A, B) and Co/MCS (C, D), and EDS and Co ele-

mental mapping of Co/MCS (E). 

Fig.7.4 (A) shows the representative TGA and DTA curves of Co/MCS, which were 

performed in air atmosphere with a heating rate of 10 
o
C/min. There are three weight 

loss processes. A slight weight loss below 110 
o
C can be assigned to the evaporation 

of adsorbed water molecules. Then the mild weight loss occurs from 110 to 350 
o
C, 

which can be ascribed to the removal of the labile oxygen-containing functional 

groups on the carbon surface such as –OH and C=O, etc. The organic compounds 

would be removed in the form of H2O, CO and CO2 from the sample due to the de-

struction of the oxygenated functional groups (13). The TG/DSC curves of the 



196 
 

nanocomposites present a characteristic step/peak in the range from 350 to 450 
o
C. It 

can be assigned to the decomposition of carbon skeleton for the carbon coated on the 

Fe3O4 (14). When temperature reached 450 
o
C, the weight of the sample remained 

and almost no weight loss occurred beyond this temperature. Fig. 7.4(B) shows the 

TGA curve of the fresh MCS and Co/MCS before annealing in the air. According to 

mass loss in Co/MCS, about 4.95 wt.% of Co deposited on the surface of the MCS. 

For the MCS, the fresh one has about 42.90 wt.% carbon content, whereas only 12.50 

wt.% carbon left for the Co/MCS annealed in the air at 300 
o
C for 1 h.  
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Figure 7.4 TGA curves of Co/MCS-300 and MCS. 
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FT-IR spectra in Fig. 7.5 are used to analyze the obtained MCS nanospheres. It was 

found that the strong IR band at 579 cm
−1

 is a characteristic signal of the Fe–O vibra-

tions, the peaks at 1381 cm
−1

 and 1699 cm
−1 

are attributed to C-C and C=O vibra-

tions, and the peak at 3449 cm
−1

 implies the existence of residual hydroxyl groups. 

Moreover, the peaks around 900-1300 cm
−1

 are attributed to the existence of C-O-C 

vibrations. Those hydrophilic functional groups result in the enhanced hydrophilics 

of the obtained composites (15). For the FT-IR spectra of the annealed Co/MCS 

nanocomposite, the curve is smoother than that of MCS due to the heat treatment. As 

seen, the peaks around 900-1300 cm
-1 

(C-O-C vibration) and the 1381 cm
-1 

(C-C vi-

bration) disappeared after calcination, indicating that the surface feature of MCS was 

reconstructed after cobalt loading. The peaks at 1699 cm
-1

 and 3449 cm
-1

 of the an-

nealed sample were weaker than the fresh one, showing that some of the C=O and –

OH functional groups were removed during the heat treatment. In addition, a new 

peak appeared at 2150 cm
-1 

on the annealed Co/MCS sample, which is possibly due 

to the creation of C≡C on the carbon surface during annealing process (15). 
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Figure 7.5 FT-IR spectra of Co/MCS-300 and MCS. 

Above characterization suggested that the calcination in the preparation would sig-

nificantly change the properties of the catalysts. Firstly, calcination would further 
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carbonize the fresh carbon spheres via the hydrothermal processes then desorbe the 

organic compounds on the surface of the spheres. Secondly, calcination can increase 

the specific surface area and create porous structure for the catalysts. At last, the cal-

cination is able to decompose and oxidize the cobalt precursor to produce cobalt ox-

ide. 

7.3.2 Adsorption and heterogeneous catalytic phenol degradation 

Control experiments were carried out to evaluate adsorption, PMS self-oxidation and 

any catalytic performance of MCS. Fig. 7.6 shows phenol removal at different condi-

tions. For the reaction conducted in the presence of PMS without any catalyst, negli-

gible change in phenol concentration was observed. A change of less than 5% in 

phenol concentration was found after 180 min, suggesting that PMS itself in homo-

geneous solution could not induce significant phenol oxidation. A similar trend was 

observed in the reaction carried out with adsorption tests only using Co/MCS, in 

which phenol removal fluctuated for the first 60 min due to the adsorption/desorption 

balance of the nanocomposites. After that, phenol removal was relative steady as the 

adsorption/desorption approached equilibrium. The final phenol removal rate is less 

than 5% in 180 min, suggesting that phenol adsorption on Co/MCS is negligible. 

MCS without cobalt loading with PMS for phenol degradation produced less than 20% 

of phenol removal within 180 min, indicating that MCS using as a carrier of cobalt 

oxide would not make a significant contribution to phenol degradation. It was found 

that Co/MCS can significantly catalyze the phenol oxidation with sulfate radicals, 

with 100% degradation of phenol within 45 min. Compared with Co3O4 made from 

hydrothermal method (16), the as-synthesized Co/MCS catalyst showed a superior 

catalytic activity for phenol degradation. 
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Figure 7.6 Phenol removal in various reaction conditions. Reaction conditions: 

[phenol]0 = 20 mg/L, catalyst loading = 0.2 g/L, Oxone
®
 loading = 2.0 g/L, Temper-

ature: 25 
o
C. 

The kinetics of phenol degradation was evaluated by the first-order kinetic model as 

listed below (Eq.7.1). 

𝑙𝑛 (
𝐶

𝐶0
) = 𝑘𝑡                              Eq. 7.1 

Where, C and C0 are the phenol concentrations at time (t) and t=0, respectively and k 

is the reaction rate constant.  

From the plot (inset of Fig.7.6), it is shown that phenol degradation curve was fitted 

with the first-order kinetics with high value of regressions coefficient. The rate con-

stant of phenol oxidation by Co/MCS + PMS was evaluated as 0.0683 min
-1

 with a 

regression coefficient of 0.990. 

Some researchers have investigated the kinetics of organic dye degradation in ho-

mogeneous Co/PMS system. Madhavan et al. (17) found the decolorization of acid 
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red 88 (AR88) follows first order kinetics in the Fe
3+

/PMS system. Chen et al. (18) 

reported a pseudo first order decolorization of acid orange 7 (AO7) in aqueous solu-

tion induced by Co
2+

/PMS. Shukla et al. (19) investigated phenol degradation on ac-

tivated carbon supported Co with Oxone
® 

and reported first order kinetics. This study 

presents similar kinetics to the above investigations. Scheme 2 illustrates the reaction 

mechanisms for homogeneous and heterogeneous phenol oxidation. 

 

Scheme 7.2 Mechanism of catalytic oxidation of phenol on Co/MCS with PMS. 

S − Co2+ + HSO5
−  →  S − Co3+ + SO4

−∙ + OH−        (S − solid)   Eq. 7.2 

S − Co3+ + HSO5
−  →  S − Co2 + SO5

−∙ + H+             (S − solid)    Eq. 7.3 

SO4
−∙ + H2O →  SO4

2− + OH∙ + H+                          Eq. 7.4 

SO4
−∙ + C6H5OH → serveral steps →  CO2 + H2O + SO4

2−
         Eq. 7.5 

 



201 
 

 

Figure 7.7 Photos of Co/MCS dispersion in water and their responses under an ex-

ternal magnetic field. 

Fig.7.7 shows photographs of Co/MCS dispersion in water and their response under 

an external magnetic field. As illustrated in the photograph, by sonicating for 2 min, 

Co/MCS can be well dispersed in the deionized water and form a stable black sus-

pension before magnetic separation. If a magnet was placed close to the glass vial 

containing the nanoparticles dispersed in deionized water, Co/MCS nanoparticles 

were attracted towards the magnet very quickly and accumulated to the side wall of 

the glass vial near the magnet. And the solution became clear and transparent within 

1 min with the presence of the magnet. After removing the magnet and repeat the 

above sonicating procedure, Co/MCS was rapidly redispersed in water. Therefore, 

from the above simple experiments, the attraction and dispersion processes can be 

readily altered by placing or removing an external magnetic field, indicating good 

water dispersion and magnetic separation for effective water-solid separation.   

7.3.3 Effects of reaction parameters on phenol degradation 

In heterogeneous catalytic oxidation of phenol, parameters such as PMS concentra-

tion, catalyst loading and reaction temperature can influence phenol degradation rate 

in aqueous solution to different extents. This section will provide an investigation of 

these effects on phenol degradation. 
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Figure 7.8 Effect of PMS amount on phenol degradation (inset: rate constants at dif-

ferent PMS amounts). Reaction conditions: [phenol]0 = 20 mg/L, catalyst loading = 

0.2 g/L, Temperature: 25 
o
C. 

Fig. 7.8 depicts phenol degradation at varying concentrations of PMS. A general 

trend was that phenol degradation can be enhanced with the increase of PMS con-

centration. At 1 g/L PMS concentration, 100% phenol removal was achieved after 90 

min. When PMS concentration was increased to 2 g/L, phenol could be fully re-

moved within 45 min, which was half of the time at 1 g/L. Nevertheless, further in-

crease of Oxone
®
 concentration would result in lower degradation efficiency and rate 

constant. This was possibly due to the self-quenching of sulfate and hydroxyl radi-

cals by PMS as follows (20). 

HSO5
− + SO4

−∙ → SO5
−∙ + H+                                  Eq. 7.6 

HSO5
− + OH∙   →  SO5

−∙ +  H2O                                 Eq. 7.7 

The reduction potential of SO5
•−

/HSO5
− 

is 0.95 V at pH 7. Meanwhile, SO4
•−

/SO4
2− 

has an oxidation potential of [2.5–3.1 V](21), which makes it possible that higher 
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concentration of HSO5
− 

from PMS would consume the active SO4
•−

, resulting in a 

lower degradation rate. 
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Figure 7.9 Effect of catalyst loading on phenol degradation. Reaction conditions: 

[phenol]0 = 20 mg/L, Oxone
®
 loading = 2.0 g/L, Temperature: 25 

o
C. 

The effect of catalyst concentration on phenol degradation efficiency is shown in Fig. 

7.9. As shown, catalyst amount has a significant influence on phenol degradation. 

With the increase of catalyst concentration, phenol degradation efficiency would be 

dramatically enhanced. When catalyst concentration is 0.1 g/L, phenol was fully re-

moved after 120 min, whereas catalyst concentration at 0.4 g/L resulted in 100% 

phenol degradation within 20 min. The increased efficiency is attributed to the in-

creased availability of active sites in the solution for reaction with PMS thereby gen-

erating more sulfate radicals. Inset of Fig. 7.9 displayed that the reaction rate in-

creased with catalyst loading. 
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Figure 7.10 Effect of reaction temperature on phenol degradation and evaluation of 

activation energy. Reaction conditions: [phenol]0 = 20 mg/L, catalyst loading = 0.2 

g/L, Oxone
®
 loading = 2.0 g/L. 

Fig. 7.10 reveals the performance of Co/MCS catalysts for heterogeneous oxidation 

of phenol at varying temperatures. It is seen that reaction temperature dramatically 

affected oxidation efficiency and degradation rate. When reaction took place at 15 
o
C, 

phenol degradation would reach 100% in 90 min while the time would be reduced to 

be 45 min at 25 
o
C. The duration would be dramatically reduced to be 10 min when 

reaction temperature was increased to 35 
o
C. Based on the first-order kinetics, rate 

constants at varying temperatures were obtained and the relationship was found to 

follow the Arrhenius equation. The activation energy was then obtained as 49.1 

kJ/mol. 

For supported Co catalysts in reaction with PMS, a few investigations have reported 

the kinetics and activation energies. We have studied several heterogeneous Co cata-

lysts in activation of PMS for phenol degradation and the activation energies ob-

tained are presented in Table 7.1. As seen that Co/MCS presented lower activation 

energy than most of supported Co catalysts and the activation energy of Co/MCS is 
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similar to that of carbon xerogel (CX) supported Co catalyst. It is noteworthy that the 

activation energy only gives the dependence of reaction rate on the reaction temper-

ature, and it cannot be related to the activity of catalysts before obtaining the identi-

cal pre-exponential factors. 

Table 7.1 Activation energies of heterogeneous Co catalysts with PMS for phenol 

degradation. 

Catalyst Activation Energy (kJ/mol) Reference 

Co/SBA-15 67.4 (21) 

Co/ZSM5 69.7 (19) 

Co/SiO2 61.7-75.5 (22) 

Co/CX 48.3-62.9 (23) 

Co/AC 59.7 (24) 

Co/CA 62.9 (25) 

Co/RM 66.3 (26) 

Co/MCS 49.1 This study 
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Figure 7.11 Regeneration studies of the used catalysts. Reaction conditions: [phe-

nol]0 = 20 mg/L, catalyst loading = 0.2 g/L, Oxone
®
 loading = 2.0 g/L, Temperature: 
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25 
o
C. 

It is known that the stability of the catalyst is very important in practical application. 

In order to improve the catalyst stability as well as to further investigate the causes of 

catalyst deactivation, the spent catalyst of Co/MCS was treated by three different re-

generation methods, washing by ultrapure water, ultrasonicating followed by wash-

ing with ultrapure water and annealing in air at 300 
o
C for 1 h. Fig.11 shows the 

phenol oxidation efficiency for used catalyst regenerated by the above methods. Cat-

alyst regenerated by annealing in air provided the best stability and degraded 100% 

of phenol within 60 min, which was almost the same as the fresh catalyst. The excel-

lent stability of this regeneration method indicated that, by annealing in air at 300 
o
C 

for 1 h, not only most of the reaction intermediates attached on the surface of the 

used catalyst were removed, but also the surface feature of the catalyst had been re-

covered.  For catalyst regenerated by ultrasonication treatment, 100% phenol re-

moval was achieved after 120 min, showing that ultrasonication partially removed 

the intermediates attached on the catalyst surface. Whereas regeneration by simple 

washing with ultrapure water provided the least compatible efficiency compared with 

others due to the least capability of removing reaction intermediates. 

7.4 Conclusions 

Magnetic carbon nanospheres (Fe3O4/CS) were synthesized via a hydrothermal 

method. And Co oxide loaded on these magnetic carbon nanospheres were prepared 

by an impregnation method. Co/MCS is a good catalyst for heterogeneous activation 

of Oxone
®
 for oxidation of phenol. Meanwhile, Oxone

®
 concentration posed a less 

effect than catalyst loading or reaction temperature on phenol degradation. Reaction 

temperature would significantly affect phenol degradation: the higher of temperature, 

the higher of degradation rate is. The kinetic studies suggested that the phenol oxida-

tion on the heterogeneous system followed first order kinetics and the activation en-

ergy was 49.5 kJ/mol. Regeneration by calcination could fully recover the catalyst 
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activity. This chapter provided a feasible approach for removal of organic pollutants 

by magnetically separable catalysts. 
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Chapter 8: Conclusions and Perspectives 

8.1 Conclusions 

In this thesis, catalytic activation of peroxymonosulfate to produce free radicals on 

metal-based catalysts was carried out for oxidation of aqueous organic pollutants. 

With comprehensive studies, the main objectives as described in the previous chap-

ters have been achieved satisfactorily. 1D and 3D hierarchically structured manga-

nese oxides with different shapes have been successfully synthesized via the facile 

hydrothermal methods. Some low toxic, magnetically separable catalysts involving 

magnetic supported cobalt oxide catalysts, nano-Fe
0
 supported by carbonaceous ma-

terial catalyst and 3D hierarchical ZnFe2O4/MnO2 catalysts have been prepared for 

the ease of separation. All of these catalysts were characterized and tested for cata-

lytic oxidation of phenol by activation of peroxymonosulfate to generate free radicals. 

Catalytic phenol degradation results revealed that the as-synthesized catalysts 

demonstrated promising catalytic activities as the alternatives to Co
2+

/PMS homoge-

neous system. And the reaction kinetics suggested that all of the reaction followed 

the first-order kinetic model. In addition, some reaction parameters such as the initial 

concentration of the target pollutant, oxidant loading, reaction temperature as well as 

catalysts usage would influence the catalytic degradation efficiency. Moreover, it 

was found by electron paramagnetic resonance (EPR) that both hydroxyl and sulfate 

radicals were produced and responsible for the degradation of organic pollutants 

during the PMS activation processes.  

8.1.1 Catalytic activation of PMS utilizing 3D hierarchical structured manga-

nese oxides 

Corolla-like δ-MnO2, prepared at a hydrothermal temperature of 100 
o
C, showed 2D 

compact layers of nanosheets on the surface. While 3D sea-urchin like α-MnO2 was 
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prepared at 110 
o
C and consisting of 1D tetragonal nanorods. It was found that co-

rolla-like δ-MnO2 had a higher catalytic activity than 3D sea-urchin like α-MnO2. 

Catalytic degradation of phenol was influenced by reaction temperature, PMS 

amount and catalyst loading. The kinetic studies suggested that the heterogeneous 

catalytic system followed first-order kinetics and the activation energy was 25.3 

kJ/mol. The mechanism of catalytic reaction for PMS activation was investigated by 

EPR spectra showing that both of 
•
OH and SO4

-•
 are produced in the activation pro-

cesses, and SO4
-•
 plays a more critical role in phenol oxidation. 

8.1.2 Catalytic activation of PMS utilizing 1D manganese oxides in different 

shapes 

1D α-MnO2 catalysts with various shapes of nanorods, nanotubes and nanowires 

were prepared by a one-step hydrothermal method. Shape-dependent performance of 

1D α-MnO2 was observed in catalytic degradation of phenol solutions. And the cata-

lytic activity follows the order of nanowires> nanorods> nanotubes. It was found that 

the catalytic activity of these 1D α-MnO2 catalysts is the combination effect of sur-

face area and the exposed active facet. The activation energies of α-MnO2 nanorods, 

nanotubes and nanowires were calculated to be 39.3, 87.1 and 20.3 kJ/mol, respec-

tively. EPR spectra and competitive radical tests illustrated that the hydroxyl radicals 

produced at the initial stage could initiate the generation of sulfate radicals which 

were the major reactive species responsible for the catalytic phenol oxidation.  

8.1.3 Hierarchically structured magnetic ZnFe2O4/MnO2 hybrid materials 

3 D magnetic ZnFe2O4/MnO2 hybrid materials, urchin-like and micro-

sphere/nanosheet hierarchical nanostructures were synthesized by a hydrothermal 

method at varying temperatures. Their catalytic activities were investigated in terms 

of PMS activation for phenol degradation. ZnFe2O4/MnO2 with micro-

sphere/nanosheet hierarchical structure possessed a better catalytic activity than ur-
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chin-like catalysts due to the higher BET surface area. The reactions were well fitted 

by the first order kinetic model. Catalyst stability tests suggested that deactivation of 

the catalysts occurred due to the blockage of active sites by the reaction intermedi-

ates. The mechanism of catalytic reaction for activation of PMS was illustrated by 

competitive radical tests and EPR spectra. Sulfate radicals were the major reactive 

species taking effect in this catalytic reaction and the generation of sulfate radicals 

could be induced by hydroxyl radicals produced at the initial stage. 

8.1.4 Magnetic nano-Fe
0
 encapsulated in carbon sphere catalysts 

A magnetic carbon encapsulated nano iron hybrid (nano Fe
0
/Fe3C@CS) was synthe-

sized via a novel one-pot hydrothermal method followed by self-reduction in N2 at-

mosphere. Superior catalytic performance was observed by complete removal of 20 

ppm phenol within 10 min. Moreover, Fe3C catalysis for PMS activation was ob-

served for the first time though detailed catalysis mechanism is still not very clear at 

current stage. The catalyst deactivation mechanism was also investigated and it was 

found that Fe3C has a better catalytic stability than Fe
0
 in catalytic reaction. Magnetic 

separation was also remained even after five runs. The combination of EPR analysis 

and quenching tests showed that hydroxyl radicals were generated selectively against 

sulfate radicals within the PMS activation process and thus responsible for phenol 

oxidation. 

8.1.5 Magnetic Fe3O4/carbon sphere/cobalt composites 

Magnetic carbon nanospheres (Fe3O4/CS core/shell) and their supported Co3O4 na-

noparticles were synthesized using a novel one-step hydrothermal method followed 

by heat treatment. Catalytic properties of the nanocomposites in activating Oxone
®

 

for oxidation of phenol solution were investigated. Fe3O4/CS supported Co3O4 na-

noparticles exhibited high activity in Oxone
®
 activation for phenol degradation with 

100% conversion within 30 min. Regeneration by calcination could fully recover the 
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catalyst activity. This study provided a feasible approach for removal of organic pol-

lutants by magnetically separable catalysts. 

8.2 Perspective of Future Works 

1. The work in this thesis focuses on metal-based catalytic activation of peroxymo-

nosulfate for oxidation of aqueous organic pollutants. Although the metal-based cat-

alysts demonstrated strong catalytic oxidation ability for phenol degradation, these 

catalysts need to be tested for other more recalcitrant and more complicated phenolic 

compounds with different substitutes such as dichlorophenol (DCP) and 

p-nitrophenol (PNP). In addition, the substitution groups on the aromatic ring will 

also affect the degradation efficiency due to the electron-donation and elec-

tron-withdrawing effects.  

2. Apart from utilization in sulfate radical based AOPs, these metal-based catalysts 

are suggested to be employed for other AOPs such as catalytic ozonation and photo-

catalytic oxidation to evaluate their catalytic potentials for mineralization of toxic 

aqueous organic pollutants. Moreover, apart from these metal-based catalysts pre-

pared in this thesis, other novel catalysts with the potential to integrate the catalytic 

activities for other types of the AOPs needed to be developed and tested to combine 

the advantages of each AOP whilst circumventing the their shortcomings. 

3. Due to the inevitable metal-ion leaching, it is recommended that more research 

attention should be focused on metal-free nanocarbons such as graphene, reduced 

graphene oxides and carbon nanotubes (CNTs). The application of these novel cata-

lysts to the AOPs will eventually avoid the metal leaching and make the process 

more eco-friendly. 

4. In current work included in this thesis, catalytic activity, stability and free radical 

generation and evolution processes were explored and investigated. However, little 
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research attention focused on the oxidation mechanism of the target pollutant. In the 

future work, in order to fully understand the oxidation process, the oxidation mecha-

nism needs to be studied to investigate the reaction intermediates and the reaction 

pathways. 

5. All of the as-mentioned research efforts were carried out in the lab-scale, in which 

ideal experimental conditions applied. In the practical wastewater processes, various 

types of the uncertain factors will influence the active species’ behavior, performance 

of the catalysts and the degradation efficiency. For example, the industrial 

wastewater might contain different levels of salinity ranging from 0.1 g/L to as high 

as 100 g/L. It was reported that the existence of chloride ions would severely hinder 

the degradation efficiency of the sulfate radical-based AOPs by acting as scavengers 

for sulfate radicals. Moreover, due to the existence of high levels of salinity and other 

organic maters, the active sites on the catalysts would be affected. Additionally, the 

pH of the wastewater will affect the decomposition efficiency of the PMS. Therefore, 

before the industrial scale-up, further tests including the influences of the salinity 

level, solution pH and co-existence with other organics should be performed and 

their affecting mechanism should be clarified. Once the possible influences have 

been clarified, it is highly imperative to perform the industrial scale-up to test the 

degradation efficiency under practical condition and making these research efforts 

truly meaningful for environment remediation. 

6. Utilizing catalytic PMS oxidation to generate sulfate based radicals for organic 

pollutants decomposition have been proved to be a high effective way with insignif-

icant further contamination. In practice, this cost-effective method could be integrat-

ed with ozonation for treatment of industrial/municipal wastewater to decrease the 

COD. 

 

7. In the current stage, several novel nano-sized catalysts have been synthesized and 



215 
 

proved to be catalytically active. However, experiments were carried out under 

lab-scale. Future studies would focus on synthesis of cost effective industrial-ready 

catalysts 

 

 


